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Professor Lisa A. Levin, Chair 
 
We, as a society, are notoriously bad at finding balance between extraction of natural 
resources and environmental protection. The concept of ecosystem services, the direct and 
indirect benefits derived from the environment, attempts to ameliorate these failures by linking 
natural processes to human well-being. The goal of this dissertation was to explore approaches 
for characterizing ecosystem services and to identify how they can be incorporated into 
 xviii 
environmental management. To do this, I used two groups of systems subject to human impact, 
deep-sea habitats and natural stormwater treatment systems (NTS), that provided a suite of 
characteristics with which to compare and contrast (e.g. marine versus terrestrial, level of human 
impact, ease of access). While deep-sea habitats and NTS provide some of the same ecosystem 
services, the structures and functions that support them can differ. Mechanisms for incorporating 
this information into environmental decision-making differ among systems as well. As interest in 
deep-sea natural resources continues to grow, environmental decision-makers have the novel 
opportunity to employ an ecosystem services approach, prior to commercial exploitation in cases 
such as mining. In comparing molecular and morphology-based methods for assessment and 
monitoring of deep-sea biodiversity, I examined scientific and economic tradeoffs between the 
two to suggest a combined approach as most cost-effective when considering future 
environmental requirements. I also leveraged existing deep-sea imagery and biological trait 
analysis to evaluate fisheries services and climate-regulating services related to carbon at 
methane seeps off southern California, identifying the Del Mar seep as the largest contributor to 
ecosystem services. In contrast to the seemingly untouched deep sea, NTS are human-designed 
to mimic physical and biological processes, which can generate ecosystem services such as 
climate-regulating services related to carbon. I found that, although urban greenspaces are not 
carbon sinks, NTS and natural areas are more carbon-efficient than grass lawns and horticultural 
gardens. NTS present a unique opportunity to manipulate natural structures and functions for 
targeted benefits, such as carbon sequestration and storage. Together, this body of work serves to 
operationalize ecosystem services in a multitude of contexts with practical applications.
1 
Chapter: 1 Introduction 
 
Jennifer T. Le 
 
As human impact increases in marine and coastal ecosystems (Halpern et al., 2015), 
rules, regulations, and policies have struggled to keep up with the need for adequate 
environmental management (Mengerink et al., 2014). There has long been an emphasis on 
biodiversity conservation in environmental decision-making (e.g. United Nations Convention on 
Biological Diversity), but biodiversity for biodiversity’s sake is not always enough in the face of 
industry and economic development. However, biodiversity is often considered the source of 
most ecosystem services (Palumbi et al., 2009; Science for Environment Policy, 2015), which 
are the direct and indirect benefits derived from the environment. 
The concept of ecosystem services was made popular by the Millennium Ecosystem 
Assessment (MEA, 2005), and has since gone through many iterations (e.g. IPBES, 2013; 
Haines-Young & Potschin, 2018). I adopt the following framework: ecosystems have physical, 
chemical, and biological structures that support ecological functions (or supporting services), 
which can be combined with a human perspective to produce ecosystem services. They are 
divided into four categories: provisioning (goods and products, e.g. fisheries landings), 
regulating (environmental regulating processes, e.g. carbon sequestration and storage), cultural 
(non-material benefits, e.g. recreation and aesthetic value), and supporting (ecological functions 
that support final services, e.g. primary production and essential fish habitat). Ecosystem services 
provide a direct link between natural systems and human well-being, contributing to a tangible 
2 
rationale for sustainable development, management, and protection of the environment. As a 
result, they can be a useful tool in environmental decision-making. 
This dissertation aimed to explore approaches for characterizing ecosystem services in 
two types of systems subject to human impact: deep-sea habitats (Chapters 2-4) and natural 
stormwater treatment systems (Chapters 5-6). The broad scope of systems highlights the context-
dependence of ecosystem services as well as overarching themes among them. I employed an 
interdisciplinary approach that was heavily influenced by the ecology and economic disciplines, 
which facilitated application of results to real questions in environmental management. 
 In the deep sea, there is increasing demand for natural resources (Merrie et al., 2014), but 
environmental rules, regulations, and policies are only now being developed for some parts of it 
(e.g. ISA, 2019). The emerging industry of deep-seabed mining presents a novel opportunity to 
incorporate ecosystem services into environmental management prior to commercial 
exploitation. Chapter 2 reviews ecosystem services associated with deep-sea habitats targeted for 
mining (continental margins, seamounts, hydrothermal vents, and abyssal plains), and the 
structures and functions that support them. Known examples include fisheries landings 
(Victorero et al., 2018), genetic resources (Harden-Davies, 2017), carbon sequestration and 
storage (Sweetman et al., 2019), and element cycling (Blöthe et al., 2015), but there are likely to 
be ecosystem services yet discovered. Chapter 2 also discusses how and where ecosystem 
services can be incorporated into existing deep-seabed mining regulations. Overall, the second 
chapter of this dissertation creates a framework for studying ecosystem services and for applying 
them to environmental decision-making. 
 Chapter 3 examines one piece of environmental management that needs to be addressed 
for deep-seabed mining: biodiversity assessment and monitoring. Multiple approaches are 
3 
available to conduct biodiversity assessment and monitoring, such as morphology-based 
taxonomy and metabarcoding (Lejzerowicz et al., 2015). The former involves an expert hand-
picking organisms out of an environmental sample and identifying them by eye or with the aid of 
a microscope. The latter involves chemical processing, molecular sequencing, and 
bioinformatics. Each of these methods are associated with scientific advantages and 
disadvantages, including how well they inform ecosystem services, and specific economic costs. 
In addition to discussing these scientific tradeoffs, Chapter 3 compares their cost-effectiveness in 
identifying deep-sea organisms, which is relevant to decision-makers when considering 
assessment and monitoring requirements. 
Another approach often employed in deep-sea research is the use of remotely-operated 
vehicles (ROVs) to survey and collect samples, including a wealth of imagery data. In the 
summer of 2015, Ocean Exploration Trust completed an expedition to explore the southern 
California borderlands, which included ROV dives at several methane seeps on the continental 
margin (Levin, 2016a). Methane seeps are habitats where hydrocarbons and other fluids escape 
from the seafloor, fueling a biological community based on chemosynthesis (Orphan et al., 2001; 
Levin, 2005). In a widely food-limited environment, elevated primary production could 
significantly influence adjacent areas (Levin et al., 2016b). Chapter 4 uses ROV dive videos 
from three methane seeps to demonstrate how deep-sea imagery can be used for characterization 
of ecosystem services. More specifically, Chapter 4 focuses on fisheries services and climate-
regulating services related to carbon, which have previously been documented at a California 
methane seep (Grupe et al., 2015). It provides the first detailed biological description of two 
methane seeps, and is the first application of an ecosystem services-based trait approach in the 
deep sea. 
4 
Ecosystem services can also be generated by built ecosystems, such as natural stormwater 
treatment systems (NTS). NTS are human-made installations that are designed to capture and 
treat stormwater runoff using physical and biological processes (Payne et al., 2015). Coastal 
development and urbanization have altered water flows and introduced contaminants into runoff, 
which can cause flooding of infrastructure and pollution of local water (Walsh et al., 2005). NTS 
provide a low-impact strategy to address these issues by slowing water flows, removing 
contaminants, and storing runoff for possible reuse (Hatt et al., 2009; Askarizadeh et al., 2015). 
In southern California, where there is a discrepancy between water supply and demand, NTS are 
becoming more widespread (Ambrose & Winfrey, 2015). Chapter 5 reviews potential ecosystem 
services associated with NTS, such as targeted water infiltration and pollutant removal as well as 
non-targeted pollination, climate regulation, aesthetic value, and pests (disservice). Examples 
from Los Angeles County illustrate these ecosystem services and practical methods are 
suggested to begin quantifying and economically valuating them. 
Chapter 6 investigates one ecosystem service associated with NTS: climate regulation 
related to carbon. Vegetation within NTS, such as biofilters and bioswales, uptake atmospheric 
carbon dioxide through photosynthesis and can store it as biomass or in soil. Plant and soil 
respiration, the reverse process that releases carbon back into the atmosphere, is dependent on 
environmental characteristics such as soil moisture and soil temperature (Carey et al., 2016). 
Chapter 6 provides measurements of carbon fluxes over NTS, in comparison to other urban land 
uses in San Diego (USA): grass lawns, horticultural gardens, and natural coastal sage scrub. Data 
envelopment analysis is used to compare carbon efficiency, i.e. how well each system converts 
its given environmental characteristics into desirable carbon fluxes. This analysis incorporates 
5 
both environmental inputs and outputs, which may be helpful when considering urban 
management strategies. 
The final chapter of this dissertation summarizes the lessons learned from applying an 
ecosystem services perspective in multiple systems using multiple approaches. It also provides 
recommendations for incorporating ecosystem services into environmental decision-making and 
management. 
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Chapter 2: Incorporating ecosystem services into environmental management of 
deep-seabed mining 
This chapter is presented as a paper. “Incorporating ecosystem services into 
environmental management of deep-seabed mining” was published in Deep-Sea Research Part 
II: Topic Studies in Oceanography in 2017. 
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Chapter 3: Scientific and economic tradeoffs between morphological and molecular 
methods for biodiversity assessment in the deep sea 
 
Jennifer T. Le, Lisa A. Levin, Franck Lejzerowicz, Tristan Cordier, Andrew Gooday, Jan 
Pawlowksi 
 
Abstract 
Deep-sea biodiversity is the source of various ecological functions and ecosystem 
services which are increasingly subject to human disturbances. However, current scientific tools 
may not be adequate for assessing and monitoring biodiversity in the face of emerging deep-sea 
industries such as mining. Here, we evaluate the scientific and economic tradeoffs associated 
with morphology-based taxonomy and metabarcoding in the context of nascent deep-seabed 
mining with a case study for polymetallic nodules in the Clarion-Clipperton Fracture Zone. We 
discuss types of information produced by these different methods, and use cost-effectiveness 
analysis to compare their relative abilities to yield useful results. While morphology-based 
taxonomy may be less cost-effective than metabarcoding (primarily due to associated labor 
costs), there are some scientific advantages associated with the former, such as generation of 
demographic data (densities, biomass, and size structure). Implementing an approach that 
combines the two methods at the beginning of commercial mining may facilitate future 
assessment and monitoring of impacts. Although our discussion here is specific to deep-seabed 
mining, these results are likely applicable to other habitats that are also data-limited and remote 
with few taxonomic experts. 
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Introduction  
Deep-seabed mining is an emerging industry that could begin commercial production in 
the near future. It has potential to alter habitats targeted for minerals (abyssal plains, 
hydrothermal vents, seamounts) through physical disturbance, removal of substrate, sediment 
resuspension and deposition, light, and noise (Van Dover et al., 2014; Weaver et al., 2018; 
Christiansen et al., 2019). The International Seabed Authority (ISA), the body governing the 
international seabed and its resources (i.e. the “Area”), is tasked with developing rules, 
regulations, and policies, including those that will “[protect] the marine environment from 
harmful effects” and “[prevent] damage to the flora and fauna of the marine environment” 
(Article 145 of UNCLOS, 1982). This obligation highlights the need for two tasks: (1) 
establishing a baseline level of biodiversity for potentially impacted areas, and (2) monitoring 
changes in biodiversity due to mining activities against that baseline. Deep-sea biodiversity 
supports a range of ecological functions and ecosystem services, such as fish catch, genetic 
resources for industrial and pharmaceutical products, carbon sequestration and storage, and 
nutrient cycling (Armstrong et al., 2012; Thurber et al., 2014; Le et al., 2017). 
The Clarion-Clipperton Fracture Zone (CCZ) is an abyssal plain area, ranging from 
approximately 3900-5500 m in depth, that hosts high densities of polymetallic nodules targeted 
for mining of copper, nickel, and cobalt. The CCZ has 30 exploration claims, each up to 75,000 
square kilometers. It also contains a wealth of biodiversity, some associated with the nodules 
themselves (Veillette et al., 2007a; Gooday et al., 2015; Vanreusel et al., 2016). Pilot studies and 
mining simulations have found little recovery of Pacific abyssal plain habitats post-disturbance 
within 26 years (Miljutin et al., 2011; Jones et al., 2017; Gollner et al., 2017; Simon-Lledó et al., 
2019). Common megafaunal taxa in the CCZ include ophuiroids, xenophyphores, and corals, 
29 
which are found in higher densities in the CCZ relative to other abyssal plain sites (Amon et al., 
2016). Sediment macro- and meiofauna dominate eukaryotic species richness and densities on 
the abyssal plains (Rosli et al., 2018), and include foraminifera, nematodes, polychaetes, isopods, 
and tanaids (Wilson et al., 2017; Pape et al., 2017; Yu et al., 2018, Gooday & Goineau, 2019).  
While current ISA draft regulation for commercial exploitation of the Area acknowledges 
biodiversity as something to measure, the measurement approaches are not specified. 
Biodiversity can be measured in a variety of ways: number of species in an area, species absolute 
and relative densities, number of functional roles in a system and species interactions, genetic 
variation between and among populations, representation of phylogenetic lineages, and number 
of habitats and ecosystems (CBD, 1993). Current faunal biomonitoring programs generally 
employ morphology-based taxonomy (MBT) (Baird & Hajibabaei, 2012), which requires an 
expert to manually sort and identify hundreds to thousands of individual organisms. As a result, 
taxonomic studies in the CCZ require a lot of resources (e.g. money, expertise, time). 
The spatial heterogeneity of the CCZ biological community necessitates robust 
biodiversity assessment and monitoring (Wilson et al., 2017; Simon-Lledó et al., 2019). Large 
taxonomic gaps in deep-sea benthic communities still exist (Sinniger et al., 2016) despite 
scientists working tirelessly to identify known species and describe new ones. As a result, MBT 
is limited to animal taxa that not only exhibit distinguishing morphological features (excluding 
microbes and cryptic species), but also those for which expert taxonomists exist. Furthermore, 
this expertise can be especially difficult to find for deep-sea taxa and, as a result, much of the 
deep-sea environment remains undescribed (Ramirez-Llodra et al., 2010). MBT is strongly 
limited by the amount of time and cost required to generate data, and the lack of taxonomic 
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expertise that limits the breadth of biodiversity it can cover. This severely hampers scaling up 
both temporal and spatial resolution, and prevents timely adaptive management measures. 
Although MBT is necessary in order to describe new species (which requires the 
deposition of holotypes into a collection), emerging molecular tools can serve to rapidly 
document biodiversity. Molecular techniques, such as metabarcoding and metagenomics, provide 
a rapid alternative for biodiversity measurements in natural systems (Taberlet et al., 2012; Stein 
et al., 2014; Porter & Hajibabaei, 2018). Technical advances have increased our capacity to 
generate biodiversity data, by moving from DNA extracted from a single individual to 
environmental DNA (eDNA) obtained from an environmental sample (e.g. sediment, water, soil, 
air) in order to rapidly assess whole biological communities. Here, we focus on the application of 
metabarcoding: the sequencing of specific (regions of) genes, used for taxonomic identification, 
in an environmental sample (Hebert et al., 2003).  
A mix of both morphology-based and molecular-based methodologies are advocated to 
build robust and extended biodiversity inventories in the CCZ (Glover et al., 2016). An example 
of a combined workflow couples morphological identification of individuals with DNA 
sequencing (barcoding). While initially labor-intensive, this combined approach to taxonomy can 
facilitate later environmental assessment and monitoring by reducing the need for morphological 
identification as more species are described and sequenced. Additionally, a combined approach 
can promote standardization for data comparison among CCZ claims. For example, contractors 
measuring biodiversity within their own claims may be identifying the same species differently 
from other contractors. With a physical specimen associated with a genetic sequence, this issue 
could be more readily resolved even without a formal species description. Another example of a 
combined approach is initial genetic screening of large swaths of the CCZ (with metabarcoding) 
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to prioritize areas of interest for more detailed morphology work. It is likely that a combination 
of techniques is necessary in order to obtain scientifically robust data for environmental baseline 
and monitoring requirements set by UNCLOS and the ISA, such as those related to abundance 
and biomass, and genetic connectivity (ISA, 2019). 
This paper aims to evaluate scientific and economic tradeoffs between MBT and 
metabarcoding of small eukaryotes (i.e. foraminifera, and metazoan meiofauna and macrofauna) 
in the context of deep-sea biodiversity assessment and monitoring. Specifically, we discuss MBT 
and metabarcoding for evaluation of deep-seabed mining impacts in the CCZ, where interest in 
polymetallic nodules is high (Hein & Petersen, 2013), small and rare taxa are dominant (Smith et 
al., 2006; Janssen et al., 2015; Wilson, 2017; Gooday & Goineau, 2019), and patchiness is 
substantial (Lins et al., 2016). We consider scientific tradeoffs between approaches in relation to 
environmental assessment and monitoring objectives, as well as how a combined approach can 
mitigate each method’s weaknesses. Decision networks are constructed for each methodology to 
highlight how decisions within each approach can affect scientific outcomes and economic costs. 
Lastly, we assess and compare direct and indirect costs associated with each methodology in a 
cost-effectiveness framework. 
 
Methods 
Decision networks of morphology-based taxonomy and metabarcoding 
Both MBT and metabarcoding techniques are framed here as a series of choices within a 
workflow that can influence both scientific outcomes and economic costs. We surveyed deep-sea 
experts and published protocols in order to determine the steps within each methodology, and 
how the choices within those steps affect scientific outcomes. In most cases, scientific questions 
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and desired outcomes (e.g. targeted taxa) dictate how choices are made, creating a range of 
appropriate protocols so only general steps are listed in the results.  
 
Economic costs of biodiversity assessments 
Cost-effectiveness analysis (CEA) is an economic approach that evaluates outcomes and 
their associated costs (Garber & Phelps, 1997). An action or policy can be considered “cost-
effective” if (1) it is the least costly to obtain a desired outcome, or (2) it generates the best 
outcome given fixed resources. CEA differs from cost-benefit analysis because, rather than 
answering whether an action should be taken or not, it ranks strategies to maximize their 
efficiency (i.e. minimizes cost per unit of outcome). Posed with the question of how the ISA and 
contractors can meet environmental requirements, CEA can facilitate choosing which methods, 
or combination of methods, are most least-cost cost-effective. 
For each methodology, experts and published protocols provided estimates of the 
consumables used and number of workhours taken in order to generate taxonomic data. Total 
cost (i.e. input) is the sum of consumable and labor costs. Fixed costs, such as laboratory 
equipment and bioinformatics pipelines, were not included in our analysis. Quantity of 
consumables (e.g. plastic tubes, chemicals) were summed. Prices (nominal 2016 USD) were 
taken directly from supplier websites, and are likely an overestimate because many research 
institutions receive discounted prices. Common suppliers in the U.S. were used: Fisher 
Scientific, VWR, and Qiagen, and prices were averaged among them. Labor costs came from 
best estimates of workhours (time spent actively transforming sediment samples into scientific 
data). 
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In our model, output is the number of “operational species” identified. “Operational 
species,” or proxies for species, are commonly used in biodiversity assessments because sampled 
deep-sea organisms are often new to science (Rosli et al., 2018). MBT can employ 
morphospecies, individuals grouped together solely by morphology, whereas molecular methods 
use operational taxonomic units (OTUs) to distinguish species (Blaxter et al., 2005). Using 
operational species is less costly than describing every new species discovered, which involves 
writing a detailed morphological description and designating a holotype. Many taxonomic 
journals now insist on genetic data in addition. Combining morphological and genetic 
operational species (i.e. voucher specimen with associated sequence; Glover et al., 2016) may 
circumvent the need for formal species descriptions and provide a standard unit of outcome that 
is relevant to both decision-making and our analysis. 
To approximate sampling regimes in the CCZ, we looked at a subset of published studies 
that attempt to characterize CCZ biodiversity of sediment eukaryotes using either MBT or 
molecular methods (Appendix 3A). Details from their sampling designs were extracted (e.g. 
vertical fraction depths, total number of samples used for analysis), as well as their relevant 
results (i.e. number of operational species identified). This information was used to make more 
appropriate comparisons between MBT and metabarcoding.  
 
Results and discussion  
Scientific tradeoffs between morphology-based taxonomy and metabarcoding 
Scientific tradeoffs should be considered while comparing MBT and metabarcoding, 
including what data are generated and information gained from their interpretation. These are 
summarized in Table 3.1 and discussed below. CCZ biodiversity is dominated by small and rare 
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eukaryotes (Janssen et al., 2015; Wilson, 2017; Gooday & Goineau, 2019), which may favor 
taking a molecular approach to biodiversity assessments. However, although there is limited 
deep-sea taxonomic expertise, there is also little robust genetic information (e.g. sequences 
linked to species, genomes, transcriptomes) on CCZ fauna. As more sampling is completed, e.g. 
baseline surveys and during pilot mining programs, there will be an opportunity to build a 
database for genetic information that can be linked to specific species. Accomplishing this aim 
may require a combined approach. 
 
Organism size-class 
Benthic organisms can be classified by size: megafauna (visible to unaided eye), 
macrofauna (retained on a 300-μm mesh), meiofauna (retained on a 32-μm mesh), and microbial 
communities. Megafauna are the only group that can be readily identified with imagery 
generated by photo or video methods, which can also contribute to our understanding of 
organism behavior and interaction (Aguzzi et al., 2012). On the other end of the spectrum, 
microbial biodiversity is identified via molecular techniques such as sequencing (e.g. Sunagawa 
et al., 2015). Macro- and meiofauna fall somewhere in the middle, amenable to both approaches 
but perhaps both are not always simultaneously appropriate. Macrofauna are often used as 
environmental indicators (Dauvin, 2018), and there is work to develop similar deep-sea measures 
using meiofauna where they dominate the biological community (Laroche et al., 2015). It has 
been shown that MBT and metabarcoding can perform equally as well for biomonitoring of 
freshwater systems (Elbrecht et al., 2017) and assessment of marine aquaculture impacts 
(Lejzerowicz et al., 2015). In the deep sea, the limited taxonomic expertise on deep-sea 
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meiofauna (e.g. nematodes, soft-bodied foraminifera), may make the latter approach more 
appropriate for rapid assessment of biodiversity and environmental impacts. 
 
Rare and cryptic species 
Molecular methods are better suited for identifying rare and cryptic species than MBT. 
Because of their low abundance and patchy distribution, missing rare species because of under-
sampling is often a problem, especially in the abyssal deep sea. Additionally, small, soft-bodied 
protists (e.g. flagellates and ciliates) often disappear in fixed sediment and only show up in 
eDNA (e.g. Sinniger et al., 2016). Although rare species do not have significant biomass, they 
can contribute unique functions (Chapman et al., 2018; Turner et al., 2019), and new species are 
discovered frequently with few representative individuals (e.g. Rouse et al., 2016; Golovan et al., 
2017). Choosing clustering cutoffs for OTUs can affect results, losing rare species if too 
conservative and retaining technical artefacts (e.g. PCR error variant) if too lenient (Clare et al., 
2017). Cryptic species usually cannot be identified via morphology and, therefore, require 
molecular methods to distinguish them. They have been documented in deep-sea taxa, such as 
polychaetes (Brasier et al., 2016) and gastropods (Johnson et al., 2015), and can significantly 
impact estimates of species richness (Brasier et al., 2016). 
 
Demographic information, including abundance 
MBT can provide demographic information (e.g. absolute density, morphological 
features, body size, biomass) and material that allow for examination of life histories, lifestyles, 
and functional attributes. On a practical level, sequencing technology cannot yet reveal these 
kinds of data. Whether demographic information is relevant to mining environmental 
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requirements depends on the goals and objectives set by the ISA (Tunnicliffe et al., 2019). 
Metrics such as density, dispersal, size structure, sex ratio, and physiological responses to 
environmental changes are often used to assess ecosystem health (Sidding et al., 2016). 
Metabarcoding is sufficient to estimate relative abundance, dispersal, and community changes 
(Rivera-Pinto et al. 2018), but additional techniques are required for the remaining metrics (i.e. 
MBT, other meta-omics). However, capacity to interpret molecular data continues to increase, 
such as experimental calibration to calculate abundance data (Darby et al., 2013), or 
computational techniques to identify differentially abundant taxa and community shifts (Morton 
et al., 2019). 
 
Species  
In order to establish identification of deep-sea species and their ecological roles, it is 
likely MBT and molecular approaches are needed in combination. Metabarcoding yields 
sequences of genes that are clustered into OTUs which can serve as a proxy for species. 
However, in order to assign an OTU to a species, that species must have been morphologically 
identified and sequenced previously, or belong to a taxonomic clade well-supported in a robust 
phylogeny (Washburn et al., 2018). Once described morphologically and genetically, 
metabarcoding alone can then be used to identify it. However, a molecular approach may greatly 
benefit from the improvement of MBT-based analyses, such as collating phylogenetic histories 
with environmental data (Washburne et al., 2019). The former is sufficient if species diversity is 
the only interest. However, ISA draft exploitation regulation (e.g. Regulation 2eiii) calls for the 
application of “an ecosystem approach” which implies information on functional diversity and 
ecological interactions are also necessary (ISA, 2019). 
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Time-sensitivity and expertise required  
There could be scenarios in which rapid results are required in order to respond 
appropriately to environmental impacts, such as when an environmental threshold is surpassed or 
a trigger is set off indicating serious harm to the marine environment (Levin et al., 2016). An 
ecological threshold is a “tipping point” at which the system undergoes rapid and irreversible 
change that triggers an action (Groffman et al., 2006). As an example, a possible threshold to 
cessation of mining may be the loss of a specified amount of local biodiversity (Niner et al., 
2018), implied by current mining guidelines for environmental management and monitoring 
plans (e.g. Part IX (Section 1), ISA, 2017; Annex VII (2j), ISA, 2019). In a scenario using MBT, 
results can be obtained only after months (or longer) of work, whereas metabarcoding results can 
be obtained within days after return to shore. This difference in response time may have 
significant impacts on the amount of environmental damage that ensues and, ultimately, the 
ability for an ecosystem to recover. 
The amount of time required to develop the expertise necessary for either approach 
differs greatly. Depending on taxon, it can take multiple years for a taxonomist to become 
accurate and efficient at species identification using MBT. In the deep sea, this expertise is 
especially lacking, particularly for small taxa, which can overwhelm experts’ workloads and 
increase turnaround time. Parataxonomy, which is the delegation of taks in an MBT workflow to 
non-experts, can alleviate some pressure on taxonomic experts. Although parataxonomy does not 
yield reproducible results, it can be useful when rapid biodiversity assessments are necessary 
(Abadie et al., 2008). In contrast, popularity of molecular approaches has caused the proliferation 
of sequencing facilities, both academic and commercial, for turnaround time of approximately 2-
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3 weeks from sample submission to data return. The more limited training required to process 
sequencing samples makes molecular approaches more accessible, and the automation that is 
actively being developed will further reduce processing times. Additionally, loss of taxonomic 
expertise over time can be mediated by genetic information which can be used as an immutable 
characteristic for taxonomic identification. 
 
Some deep-sea methodology challenges  
One of the biggest challenges facing both MBT and molecular approaches is developing 
an adequate sampling design. There are still many gaps in our knowledge of deep-sea 
biodiversity (Sinniger et al., 2016; Shulse et al., 2017), but it is unclear at what spatial and 
temporal scales scientists need to sample in order to accurately characterize it (Lejzerowicz et al., 
2015; Leduc et al., 2015). Spatial heterogeneity is poorly defined and likely differs among 
habitat and location. In the CCZ, there can be unexpectedly high spatial heterogeneity (Veillette 
et al., 2007b; Simon-Lledó et al., 2019). Additionally, adequate temporal resolution of sampling 
for accurate characterization of deep-sea habitats is unknown (Yasuhara et al., 2009). MBT and 
metabarcoding often provide one snapshot in time and, given time constraints associated with 
MBT, a comprehensive monitoring program may incorporate both methodologies by employing 
metabarcoding more frequently and MBT at longer intervals. 
The study of deep-sea habitats is plagued by a lack of data, creating challenges that are 
exacerbated by the sheer vastness of the deep sea. The CCZ claim areas span almost 4500 km 
wide, larger than the continental U.S., which leads to high levels of uncertainty because of data 
limitation. A precautionary approach, wherein adequate measures are taken in order to manage 
risk, should be invoked (Rio Declaration, 1992; ISA, 2018). Therefore, collection of robust 
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baseline data is critical for protection of the marine environment (Durden et al., 2018), as well as 
exhaustive monitoring, especially at the early stages of commercial exploitation (e.g. pilot 
mining). MBT and molecular approaches can be utilized together in these programs to facilitate 
future environmental assessment and monitoring. 
 
Economic tradeoffs between morphology-based taxonomy and metabarcoding 
There are direct and indirect costs involved in collecting and processing sediment 
samples for MBT and metabarcoding. Here, they are separated into costs associated with 
consumables (direct) and labor (indirect). Other costs, such as laboratory equipment (capital) and 
bioinformatics pipelines, are held fixed. Choices within the decision networks are discussed in 
terms of how they affect the short-run economic cost. We assume that laboratories have basic 
amenities and access to people who are trained to do these tasks, i.e. identifying target taxa, 
preparing sediment samples for sequencing.  
 
Sampling costs 
Deep-sea samples, whether sediment, water, or individual organisms, are relatively 
expensive to collect because they often require research expeditions on global-class vessels 
equipped with specialized instruments. One ship-day on a U.S. vessel can range from $42,000-
48,000 USD, which includes food, fuel, crew, and two technicians (personal communication, E. 
Brenner). The amount of time it would take to sail from the Scripps Institution of Oceanography 
pier (San Diego, USA) to the eastern edge of the CCZ is approximately six days at full speed 
without stopping, resulting in over a quarter million dollars in transit time one-way. This cost 
estimate does not include the use of autonomous underwater vehicles (AUVs), remotely-operated 
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vehicles (ROVs), or human-occupied vehicles (HOVs), commonly used on deep-sea expeditions. 
In addition to collecting sediment samples for both MBT and sequencing, deep submergence 
vehicles can conduct visual surveys. The U.S. National Deep Submergence Facility (NDSF) 
operates their instruments at day-rates of $14,000 for AUV Sentry, $23,000 for ROV Jason, and 
$45,000 for HOV Alvin (NDSF, 2018). Other sampling equipment includes box corers, multi-
corers, epibenthic sleds, and CTD rosettes which can be deployed without special vehicles. 
Relevant results and sampling regimes from studies included in this paper are 
summarized in Table 3.2. Sediment samples were taken with multi-corers, box corers, or an 
epibenthic sled in one case, and the same sampling devices can be used for both approaches. The 
total number of samples used for analysis ranged from 5-41 and 15-42 per cruise for MBT and 
metabarcoding, respectively. Here, we assume number of samples equates to number of vertical 
fractions (core slices). Sampling costs are likely the biggest element but should not contribute 
significantly to cost differences between the two analytical approaches. However, the different 
methods used to process deep-sea sediment samples are a major factor. 
 
Processing costs for morphology-based taxonomy  
Figure 3.1 outlines the general steps and choices within an MBT workflow. Most 
decisions are dependent on target taxa, which dictates sieve sizes and the number of vertical 
fractions. Sediment cores are taken via remotely-operated vehicle or multi-corer. Cores are then 
sliced into vertical fractions (e.g. 0-1cm, 1-2cm, etc.), and commonly preserved in dilute 
formalin or ethanol. Samples in ethanol can subsequently be used for molecular analysis. 
Dependent on target taxa, appropriate sieves are used to separate organisms from sediments. 
Meiofauna are generally sieved on 32 (nematodes), 42, 63 (foraminifera), or 150 (foraminifera) 
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µm mesh whereas macrofauna are retained on 0.25 or 0.3 mm sieves. Finer sieves take longer to 
process than coarser ones (Gooday & Goineau, 2019). Sieved samples can then be sorted to 
identify and quantify animals. As the number of samples, vertical fractions, and level of 
identification increases, the data resolution also increases, but at the expense of time. For 
comparison, the commercial cost of sorting and identifying shallow-water macrofauna as one 
metric of aquaculture impacts from a standard Van Veen grab sample varies from 500 to 1500 
USD (personal communication, J. Pawlowski). 
Consumables required for MBT are common to most labs and are readily available 
(Appendix 3B). Preservation method can have significant effects on downstream options. 
Formalin is cheaper, easier to ship (non-hazardous at 4%), and fixation results in little distortion 
of morphology. However, specimens fixed in ethanol can later be used for molecular studies 
which is advantageous and cannot be done with specimens fixed in formalin. The total cost of 
lab consumables for MBT ranges from $13.10-16.29 USD.  
Labor and expert time are the dominant costs of the MBT workflow (Appendix 3C). 
Based on a graduate student stipend in the U.S. of $29,500 USD annually, time alone ranges 
from $325-2,875 per sediment core slice. Additionally, the estimates shown here are only for the 
taxa listed for one vertical fraction of a sediment core although the top several centimeters are 
likely necessary for biodiversity characterization. The extensive time needed to manually sort 
and identify organisms, especially when using smaller sieve sizes that retain more sediment, is a 
large cost and a disadvantage of using MBT. Ludoxâ flotation, a method of concentrating 
animals in a liquid medium, can reduce picking and sorting times but adds additional 
consumable costs. The estimates we have provided are based on hand-sorting.  
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Processing costs for metabarcoding 
There are many options when processing marine sediment for metabarcoding (Figure 
3.2), influencing scientific outcomes and economic costs. A metabarcoding approach can also be 
used in parallel with other omics methods (e.g. metagenomics, metatranscriptomics) if relevant 
to objectives (e.g. Franzosa et al., 2015).  
The number of replicates in a study can refer to either sample replicates or PCR 
replicates. If there is enough sediment material in each sample, then pseudo-replicates (multiple 
samples from the same core) can be added. PCR replicates are more often used and can help 
minimize errors due to PCR, such as unequal amplification and chimeras (Acinas et al., 2005). 
Additional replicates yield more robust results and higher statistical power, but increase total cost 
(i.e. because more sediment is being processed and sequenced). Sampling replicates and pseudo-
replicates can also apply to MBT.  
Metabarcoding utilizes highly conserved fragments of DNA that all organisms have and 
within these fragments are markers, which are highly variable regions that allow for higher 
resolution taxonomic classification. Choosing markers, how many and which ones, can affect 
results (Clarke et al., 2017) and will depend on scientific objectives. 16S rRNA can be used to 
assess microbial diversity (e.g. Salazar & Sunagawa, 2017) whereas eukaryote diversity is 
typically assessed with markers within the 18S rRNA or cytochrome oxidase I genes (e.g. Zaiko 
et al., 2015; Gimmler et al., 2016). More comprehensive diversity assessments may require 
multiple markers (e.g. Evans et al., 2016) in order to completely capture the community. 
Advantages to working with widely-used markers include a more optimized protocol, the ability 
to compare to other studies, and a larger database. However, there is no truly universal marker 
that allows the retrieval of all taxa without bias. Additionally, a universal marker must be very 
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conserved and therefore less useful for species-level taxonomic assignments. Development of 
markers targeting indicator taxa allows for better detection of them (Zhang et al., 2018). These 
bioindicators can then be used for characterizing specific (micro)habitats, such as sediment 
plumes, and early detection of mining impacts (Fukushima & Nishijima, 2017).  
Molecular primers initiate DNA replication and are used in metabarcoding approaches to 
amplify targeted barcodes. However, primer specificity (i.e. how accurately primers attach to 
targeted binding regions) is taxon-specific and introduces bias during PCR. This can lead to the 
masking of some taxa and inaccurate estimates of relative abundance (Elbrecht & Leese, 2015; 
Leray & Knowlton, 2015; Tremblay et al., 2015). Use of multiple primers that target the same 
taxonomic group can help minimize primer bias and increase taxonomic coverage (Alberdi et al., 
2018). Primers can target specific taxa, such as indicator species from which extensive diversity 
has been catalogued (Morard et al., 2018), single-copy genes such as cytochrome oxidase I 
(Leray et al., 2013), or both for higher accuracy (Kosakyan et al., 2015). 
Tags or indexes (i.e. the series of nucleotides at the start of each primer that labels PCR 
products) can contribute significantly to total costs, e.g. if many different primers are necessary, 
if the primers are tagged only with a short sequence (Esling et al., 2015), or if these primers 
include all accessory sequences required for library indexing and sequencing (Kozich et al., 
2013). Primers that include a tag sequence may bias sequence counts. This can be addressed with 
additional PCR replicates (O’Donnell et al., 2016). Number of libraries and library preparation 
can also comprise a large portion of the cost. Each library can cost approximately $50 USD on 
the higher end. Libraries prepared using long primers may also need to be PCR-amplified and 
quantified using qPCR which can be expensive. Hence, there are trade-offs in defining the most 
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efficient and economic sequencing strategy, which mainly consists of balancing the numbers of 
PCR tagging and library indexing experiments to perform. 
Advances in sequencing technology have facilitated the wider application of molecular 
methods such as environmental assessment and monitoring (Porter & Hajibabaei, 2018). 
Illumina platforms (HiSeq, MiSeq) are currently the most widely used. Other platforms include 
those from Pacific Biosciences (single-molecule real time sequencing), Life Technologies 
(SOLiD, ion torrent), and Oxford Nanopore (nanopore). Research groups that routinely sequence 
samples may buy their own sequencing machine, whereas other groups may send samples to a 
company to sequence. Sequencing costs are charged per lane or per cell, depending on the 
platform used. Samples can be pooled to run in one lane so that more samples can be sequenced 
at a lower cost. However, this yields less reads per sample. Samples are often processed in 
batches, e.g. 14.7 workhours per one 96-well plate, and although sequencing itself takes hours, it 
need not require active workhours (Appendix 3E). 
There are also scientific tradeoffs among the platforms and the most suitable is likely 
dependent on the project. For example, in comparing the Illumina HiSeq and Miseq machines, 
the MiSeq yields relatively longer read lengths whereas the HiSeq yields more reads. These 
features may make the MiSeq more fitting for targeted sequencing (i.e. metabarcoding) because 
longer reads can better capture barcodes. In contrast, the HiSeq may be more fitting for 
metagenomics because more material can be sequenced, yielding more reads. This may be 
critical for metabarcoding studies with numerous samples of highly diverse communities that 
necessitate more sequencing depth in order to describe the biological community. 
The cost of molecular methods is driven largely by kits and chemicals that are necessary 
to preserve and extract samples, as well as sterile equipment to prevent contamination (Appendix 
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3D). Several protocols were referenced to determine the cost of consumables, ranging from $24-
49 USD (Bourlat et al., 2016; Fonesca & Lallias, 2016; personal communication, T. Cordier). 
For labs that routinely prepare and sequence many samples, these consumable costs are likely 
reduced. The reaction volume for PCR and library preparation can be reduced and saved volume 
can be redistributed to other samples. Labs can also prepare their own chemical reagents to 
reduce costs. Sequencing costs are declining over time (Weymann et al., 2017), facilitating use 
of molecular methods. In 2012, Illumina sequencing ranged from $41-502 per Gb (Quail et al., 
2012). Barcodes are generally 400-800 bp, comprising a small portion of total cost individually 
but there may be millions of reads produced (e.g. Illumina MiSeq has a maximum of 25 million 
reads per run). 
Bioinformatics and bioinformaticians are needed to analyze and understand the large 
amounts of biological data that metabarcoding can produce. This stage often includes creating a 
pipeline, or series of scripts, that automates quality-control and analysis of data (e.g. Brandt et 
al., 2019). Pipelines can have downsteam impacts on data interpretation and should be catered to 
scientific objectives (Pauvert et al., 2019). Although labs can have dedicated bioinformatics 
personnel, there are also companies and organizations that provide these services (e.g. centers 
based at universities). Hourly and daily rates range: Oregon State University (USA) charges $80-
160 USD per hour, the University of Texas (USA) charges $90-110 USD per hour, and Indiana 
State University (USA) charges $460-690 USD per day. In the context of biodiversity 
assessment and monitoring for deep-seabed mining impacts, the economic costs associated with 
bioinformatics will likely be a one-time cost to create the pipeline which can then be used on 
subsequent data collected. As a result, we consider these costs fixed and did not include them in 
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our analysis. Well-defined scientific objectives could help minimize these costs by providing 
details on expected outcomes. 
Overhead charges, which are expenses associated with day-to-day costs such as building 
rent and utilities, can range from 37-120% of direct costs. The lower end is associated with 
universities and academic institutions, whereas the higher end may be charged by private 
companies.  
 
Cost-effectiveness analysis 
Here, short-run, variable total cost (TC) for either MBT or metabarcoding (denoted with 
“meta”) is the sum of consumable and labor costs (Equations 3.1 and 3.2), whereas benefits are 
operational species identified (i.e. 100-416 morphospecies or 451-706 OTUs; Table 3.2). 
(Equation 3.1) 𝑇𝐶#$% = (𝑙𝑎𝑏	𝑐𝑜𝑛𝑠𝑢𝑚𝑎𝑏𝑙𝑒	𝑐𝑜𝑠𝑡𝑠#$% + 𝑙𝑎𝑏𝑜𝑟	𝑐𝑜𝑠𝑡𝑠#$%) × 𝑛𝑢𝑚𝑏𝑒𝑟	𝑜𝑓	𝑠𝑎𝑚𝑝𝑙𝑒𝑠#$% 
 
(Equation 3.2) 𝑇𝐶:;<= = (𝑙𝑎𝑏	𝑐𝑜𝑛𝑠𝑢𝑚𝑎𝑏𝑙𝑒	𝑐𝑜𝑠𝑡𝑠:;<= + 𝑙𝑎𝑏𝑜𝑟	𝑐𝑜𝑠𝑡𝑠:;<=) × 𝑛𝑢𝑚𝑏𝑒𝑟	𝑜𝑓	𝑠𝑎𝑚𝑝𝑙𝑒𝑠:;<=+ (𝑠𝑒𝑞𝑢𝑒𝑛𝑐𝑖𝑛𝑔	𝑐𝑜𝑠𝑡𝑠 ÷ 𝑛𝑢𝑚𝑏𝑒𝑟	𝑜𝑓	𝑠𝑎𝑚𝑝𝑙𝑒𝑠:;<=) 
 
Table 3.3 summarizes values of each category of cost and chosen distribution models, 
which are used to incorporate variability among workflows and uncertainty (Halpern et al., 
2006). There are few variables, but many options, in MBT consumables and so a uniform 
distribution is used. MBT labor is highly variable, depending on expertise, size-class of organism 
(smaller taxa generally take longer), and level of identification. A low and high estimate are 
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given, based on expert response, and the mean is used as the value with the highest probability in 
a triangle distribution. The opposite is the likely case for metabarcoding in which labor is 
constant but consumables can vary depending on the decisions discussed above. Additionally, 
there are sequencing costs which can vary with sequencing platform and DNA yield. Sequencing 
costs here are from Cornell University commercial services. 
We performed Monte Carlo simulations (100,000 iterations). Median cost to identify an 
operational species (without a formal description) with MBT was $92.62 (SD $111.97) and 
$7.62 (SD $6.07) for metabarcoding. The marginal cost of identifying a new species is likely to 
increase as more species are identified because it becomes more difficult to collect rare species 
that have not yet been discovered. However, the marginal cost of identifying a previously-
described species decreases over time as more species are discovered. Expected mean efficiency 
(i.e. output divided by input) for metabarcoding (0.185) was an order of magnitude greater than 
MBT (0.016).  
These results are most sensitive to MBT labor, but also show trends with metabarcoding 
consumables and labor. There is a large range of MBT labor costs, dependent on target taxa and 
level of identification, which also drives the majority of total cost. Technology that could reduce 
MBT labor costs, such as artificial intelligence, could increase the cost-effectiveness of MBT. 
Range in metabarcoding consumable costs is related to chemical kits, some of which can be 
made in-house, that are necessary for preservation and extraction. 
There is some overlap between cost and efficiency ranges of the two approaches as seen 
in Figure 3.3. However, there was only a 0.028 probability that metabarcoding was more 
expensive per operational species than MBT. For the same cost, metabarcoding yields 12 times 
more identified operational species. This is likely appealing for contractors that are required to 
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collect baseline data. Measurements, such as the Chao 1 estimator (Chao, 1984) and rarefaction 
curves, can help gauge whether species in an area have been adequately sampled. 
Borrell et al. (2017) presented similar results as these in their comparison of approaches 
for detecting shallow water invasive species. They include visual examination, DNA barcoding, 
and metabarcoding of water samples in their evaluation of consumable and labor costs. The 
authors find that the labor necessary for visual examination makes it the most expensive option. 
In the case of mining in the CCZ, this disparity between labor costs is even greater because of 
the need to identify all morphospecies (i.e. for a comprehensive biodiversity assessment) rather 
than targeted invasive species. The development of indicator species for mining impacts may 
help lower labor costs for MBT and also molecular approaches. Indicators for essential deep-sea 
ecological processes and ecosystem services can also be developed for a more holistic, 
ecosystem-based approach (Le et al., 2017; ISA, 2018).  
Use of only molecular methods may not be sufficient to establish adequate baselines 
currently. The Glover et al. (2016) combined approach links morphospecies with genetic 
barcodes to yield robust operational species that can be used across claim areas and over time. 
As more morphospecies are vouchered and associated with genetic barcodes, the need for 
taxonomic identification via morphology decreases because species can be identified with cost-
effective sequencing. This approach requires a large investment of resources (e.g. funding, time, 
expertise) to build reference databases initially, but phases out the need for MBT over time to 
use solely molecular methods, which are continuing to decrease in cost. This combined approach 
has a total cost of both methods: 
(Equation 3.3) 𝑇𝐶BC:DEF;G = 𝑇𝐶#$% + 𝑇𝐶:;<= 
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Although Glover et al. (2016) use targeted barcoding, here we use our estimates for 
metabarcoding because the cost of picking organisms from sediment samples, necessary for 
targeted barcoding, is already incorporated into the MBT cost. There may be additional costs 
associated with reconciling morphological and genetic data that are not incorporated here. 
Equation 3.3 yields a median cost per operational species of $72.29 (SD $97.40), comparable to 
MBT cost alone. However, a combined approach provides the additional benefit of creating a 
comprehensive database of taxonomic information that can be used among claims and over time 
in order to ensure comparison of the same biological communities. As a result, future assessment 
and monitoring could comprehensively rely on molecular methods alone because genetic 
information will be associated with a voucher specimen or (morpho)species that can be referred 
to and updated, if necessary. 
While Glover et al. (2016) represents a completely combined approach in which both 
morphological and targeted genetic analyses are applied to each sample, there could be scenarios 
in which the total number of samples are split between the two approaches. For example, if the 
number of operational species is the only goal, then it would be most cost-effective to allocate all 
resources to metabarcoding. However, we have presented some scientific advantages to 
employing MBT in previous sections. The tradeoffs between number of operational species 
identified and additional scientific information can be represented by the following:  
(Equation 3.4) 𝑇𝐶BC:DEF;G = 	𝜌𝑇𝐶#$% + (1 − 	𝜌)𝑇𝐶:;<= 
Where 𝜌 is a weight determined by stakeholders (e.g. the ISA, contractors, scientists) and how 
they value outcomes. This may change over time as more operational species are identified. 
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Similar to the other combined case, there are diminishing marginal returns on MBT: as more 
operational species are characterized by morphology, it becomes less difficult to identify species 
genetically.  
 
Conclusions 
Several scientific tools can address biodiversity assessment and monitoring of mining 
impacts, such as MBT and molecular methods (here, metabarcoding). Each of these approaches 
have specific scientific and economic tradeoffs associated with them. While MBT is relatively 
expensive due to labor costs, it provides information on demographic factors, such as absolute 
density, biomass, size structure, or life history, that metabarcoding cannot. However, genetic 
sequencing continues to decrease in cost and increase in data interpretation. Using operational 
species as a measure of outputs, metabarcoding can be more cost-effective than MBT, largely 
due to labor costs associated with the latter. 
The International Seabed Authority must protect the marine environment from serious 
harm (Article 145, UNCLOS 1982) which requires robust environmental baselines and thorough 
monitoring of impacts. An investment to build our knowledge of deep-sea biodiversity, e.g. 
through a combined MBT and molecular approach, could facilitate future assessment and 
monitoring by allowing contractors to more easily identify species. It will also aid comparison 
among contractor claims, and through time by presenting immutable characters (i.e. DNA). How 
the ISA addresses biodiversity in environmental rules, regulations, and policies will dictate how, 
and if, these scientific tools are used (e.g. Tunnicliffe et al., 2019). Stakeholder buy-in will be 
necessary for their adoption. Baseline data are critical to understanding of how mining activity 
can impact deep-sea ecosystems. The ISA has a novel opportunity to establish robust data 
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collection protocols to develop a mining industry that explicitly considers environmental impacts 
on the wealth of biodiversity in deep-sea systems, essential to key functions and services that 
benefit humankind as a whole (Le et al., 2017).  
Although this study was done in the context of deep-seabed mining in the CCZ, the 
results are likely similar across marine, aquatic, and terrestrial systems that are (1) data-limited 
and (2) not easily accessible, e.g. other deep-sea habitats, caves, and other remote areas. 
Difficulty and expense in obtaining samples make each one valuable in terms of the information 
it can provide, which may point to benefits of a more comprehensive analysis, at least when 
building taxonomic databases. Scaling up these approaches necessitates communication among 
stakeholders and standardization of data collection with potential gains in meeting environmental 
requirements with transparency and relatively low uncertainty. 
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Tables 
Table 3.1. Advantages and disadvantages associated with information gained using morphology-
based taxonomy and metabarcoding for use in deep-sea biodiversity assessment and monitoring. 
Information category 
Morphology-based 
taxonomy Metabarcoding 
Small-size classes Possible but difficult Better suited 
Rare & cryptic species Poorly suited Better suited 
Abundance (density) Absolute Relative 
Morphological data Can provide Cannot provide 
Demographic information 
(e.g. biomass, size, age, sex) 
Can provide Cannot provide 
Behavior Cannot provide Cannot provide 
Species Identified by experts Barcode matched to database 
Time to results Weeks to months Days 
Expertise required Years of training Weeks of training 
Biases Human error Technical error 
 
Table 3.2. Summary of relevant results and sampling regimes of published papers aimed at 
characterizing a component of meio- and macrofaunal biodiversity in the Clarion-Clipperton 
Fracture Zone. Papers are listed in Appendix 3A.  
Sampling component 
Morphology-based 
taxonomy Metabarcoding 
Number of sites visited 1-6 1-11 
Deployments per site 1-26 1-12 
Cores used per deployment 1-3 1-3 
Sub-samples per core 1-3 1-3 
Number of horizontal layers 1-5 fractions* 1-3 fractions 
Total number of samples 5-41 15-42 
Operational species identified 100-416 451-706 
*Top 1-2 cm for foraminifera, top 5 cm for other meiofauna, top 10 cm for macrofauna 
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Table 3.3. Variables used in the cost-effectiveness model, their high and low estimates, and 
distributions chosen to incorporate risk and uncertainty. A uniform distribution assigns the same 
probability to every value within its given range. A triangular distribution assigns the highest 
probability to, here, the mean of the high and low estimates. MBT refers to morphology-based 
taxonomy.  
 
Variable description 
 
High estimate 
 
Low estimate 
 
Distribution 
MBT consumables 16.29 13.10 (without 
staining) 
Uniform 
MBT labor (in hours) 202.8 per core slice 
(foraminifera) 
22.8 per core slice 
(meiofauna) 
Triangular 
Molecular 
consumables 
49.45 10.09 (in-house 
chemicals) 
Triangular 
Molecular 
sequencing 
1800 per run 900 per run Triangular 
Molecular labor (in 
hours) 
14.7 14.7 Constant 
 
Figures 
 
Figure 3.1. Decision network throughout a morphology-based taxonomy workflow. Decision 
nodes are black and steps that do not require a decision are unfilled.  
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Figure 3.2. Decision network throughout a metabarcoding workflow. Decision nodes are black 
and steps that do not require a decision are unfilled. 
 
 
Figure 3.3. Probability density estimates of expected total cost per operational species of 
morphology-based taxonomy (pink, truncated) and metabarcoding (blue). 
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Appendices 
 
Appendix 3A. List of studies on biodiversity in the Clarion-Clipperton Fracture Zone that were 
used to examine sampling schemes in order to make comparisons between morphology-based 
taxonomy and metabarcoding. Full citations are in the References section. 
De Smet et al., 2017; Goineau & Gooday, 2017; Hauquier et al., 2018; Janssen et al., 2015; 
Lambshead et al., 2003; Lejzerowicz et al., 2014; Miljutin et al., 2011; Miljutina et al., 2010; 
Pape et al., 2017; Wang et al., 2010; Wilson et al., 2017; Yu et al., 2018 
 
Appendix 3B. The average cost of consumables to identify individuals of one morphospecies in 
a vertical fraction of a sediment core. Prices were obtained directly from supplier websites and 
are likely higher than what an academic institution would pay due to institutional discounts. n = 
the number of suppliers used to calculate the average cost. 
Item Average cost per unit (USD) 
Average cost per sample 
(USD) n 
Stain (Rose Bengal)* 2.91 per g 2.91 3 
Formalin 37% 0.12 per ml 6.24 3 
Plastic jars 5.68 per jar 5.68 3 
Glass vials 0.63 per vial 0.63 3 
Pasture pipettes 0.15 per pipette 0.15 3 
Transfer pipettes 0.13 per pipette 0.13 3 
Cryovials 0.55 per vial 0.55 3 
Total average cost of consumables = 13.10 – 16.29 
*Staining commonly used for foraminifera and other meiofauna. 
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Appendix 3C. Estimate of active time for each step in a morphology-based taxonomy workflow. 
Task Workhours 
Core recovery 0.25 
Core slicing 0.75 
Core preservation 0.3 
Core splitting 1 
Core sieving 0.5 
Sample sort & identify meiofauna 20-200 
Total time for foraminifera = 202.8 workhours 
Total time for meiofauna = 22.8 workhours 
 
Appendix 3D. Average cost of consumables to process one sediment sample for metabarcoding 
in nominal USD, rounded to the nearest cent. n = the number of suppliers used to calculate the 
average cost. 
Item 
Average cost per 
unit (USD) 
Average cost per 
sample (USD) n 
LifeGuard Soil Preservation Solution 1.92 per ml 9.62 1 
PowerSoil DNA Extraction Kit 5.14 per sample 5.14 1 
PowerMax DNA Isolation Kit 24.60 per sample 24.6 1 
QIAxcel DNA Screening Kit 0.43 per sample 0.52 1 
QX size marker 50 0.03 per sample 0.03 1 
QX alignment marker 0.04 per sample 0.04 1 
Ethanol 0.06 per ml 0.06 3 
5M NaCl 0.07 per ml 0.01 3 
Tubes 0.27 per tube 1.55 3 
Pipette tips 0.23 per tip 3.02 3 
Sterile gloves 3.54 per pair 3.54 3 
Sterile scoops 1.31 per scoop 1.31 3 
Total average cost of consumables = 49.45 
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Appendix 3E.  Estimate of active time for each step in a metabarcoding workflow. 
Task Workhours 
DNA extraction 4 
DNA precipitation 0.5 
DNA stock/aliquot 1 
PCR amplification 1 
QIAxcel quantification 0.5 
Pool 0.5 
Pool evaporation 0.25 
Pool purification 0.5 
Pool quantification Qubit 0.5 
Library preparation 3 
Library quantification by qPCR 2 
Library verification by gel  0.45 
Library dilution 0.5 
Bioinformatics analysis variable 
Total time = 14.7 workhours 
(per sample but these are generally done in batches of up to 96) 
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Chapter 4: Using deep-sea imagery to examine ecosystem services associated with methane 
seeps 
 
Jennifer T. Le, Peter Girguis, Lisa A. Levin 
 
Abstract 
Deep-sea imagery (pictures and videos) are routinely collected during at-sea expeditions 
and represent a large, often untapped repository of knowledge. At the same time, there is a 
pressing need for assessment of deep-sea ecosystem services in the face of human impact. We 
leveraged dive videos collected with the remotely-operated vehicle Hercules (operated by Ocean 
Exploration Trust), as well as biological trait analysis, in order to develop an approach that 
characterizes ecosystem services. Specifically, we focus on fisheries services and climate-
regulating services related to carbon associated with methane seeps off the coast of southern 
California. Dive videos were used to qualitatively describe and compare megafaunal 
communities, ecological functions, and ecosystem services associated with three methane seeps 
and their surrounding areas: Point Dume (~725 m), Palos Verdes (~506 m), and Del Mar (~1023 
m). A total of 100 megafaunal morphotypes were observed and represented seven functional 
groups: scavengers, benthic filter feeders and microcarnivores, benthic deposit feeders and 
bacterivores, demersal predators, pelagic predators, gelatinous plankton, and symbiont-bearing 
taxa. Our results suggest that the Del Mar seep and its adjacent areas provide the highest 
contributions to fisheries and carbon services. We also found that seep activity can have 
differential impacts on biological traits that contribute to ecosystem services. These findings 
show that deep-sea imagery can be used to make relative comparisons of ecosystem services at 
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and around methane seeps. Furthermore, our results have environmental management 
implications, such as identifying priorities for spatial protections. This study represents a first-
step towards tapping into underutilized deep-sea imagery in order to characterize and quantify 
ecosystem services. 
 
Introduction 
 The deep sea (here defined as greater than 200 m water depth) hosts diverse habitats that 
provide a myriad of ecosystem services (Armstrong et al., 2012; Thurber et al., 2014). Examples 
of provisioning services include fisheries landings for food (Clark et al., 2016) and genetic 
resources for industrial and pharmaceutical uses (Blasiak et al., 2019). There are regulating 
services such as carbon cycling (Cartapanis et al., 2016; Sweetman et al., 2019) and other 
element cycling (Blöthe et al., 2015; Huang et al., 2019). Deep-sea habitats also provide cultural 
services including education and outreach (Hoeberechts et al., 2015). An ecosystem services 
perspective directly links ecosystem structures and functions to human well-being (Millennium 
Ecosystem Assessment, 2005; Haines-Young & Potschin-Young, 2018), providing a tangible 
rationale for more holistic environmental management and protection (Le et al., 2017). 
 Ecosystem services can be difficult to quantify, especially in marine environments where 
interactions and boundaries can be dynamic and loosely-coupled (Barbier et al., 2011). However, 
technological developments have greatly aided deep-sea scientific research (e.g. Corinaldesi, 
2015; Aguzzi et al., 2019). In particular, imaging (pictures and videos) of the deep sea provides 
useful information on physical and biological characteristics of underwater habitats (Macreadie 
et al., 2018). Imagery can be collected via underwater observatories (de Leo et al., 2018), drop 
cameras (Clayton & Dennison, 2017), landers (Lavaleye et al., 2018), autonomous underwater 
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vehicles (AUVs; Mejía-Mercado et al., 2019), remotely-operated vehicles (ROVs; Myhre et al., 
2018), and human-occupied vehicles (HOVs; Gallo et al., 2015). Deep-sea expeditions routinely 
collect imagery for scientific (e.g. National Deep Submergence Facility, NEPTUNE Ocean 
Observatory), outreach (e.g. NOAA Okeanos Explorer, Ocean Exploration Trust, Schmidt Ocean 
Institute), and industry (e.g. Gates et al., 2017; Simon-Lledó et al., 2019) purposes. As a result, 
there is a wealth of imagery that continues to grow over time as interest in deep-sea exploration 
and resources expands. 
Imagery has been instrumental to advances in our knowledge of deep-sea habitats and our 
ability to properly protect them. Amon et al. (2016) characterized the diversity and abundance of 
megafauna in a polymetallic nodule claim within the Clarion-Clipperton Fracture Zone, 
providing important baseline information for assessing impacts from potential mining. Another 
application of deep-sea imagery is evaluating vulnerable marine ecosystems, such as sponge 
gardens that enhance local biodiversity and impact biogeochemical cycling (Maldonado et al., 
2016; Santín et al., 2018). Additionally, images and videos provide an opportunity to visualize 
organisms in situ, which can be important for behavioral observations (Katija et al., 2017) as 
well as for observing taxa that avoid nets (Ayma et al., 2016). 
Application of deep-sea imagery to characterizing ecosystem services explicitly has been 
limited. Grupe et al. (2015) used ROV dive video to characterize the Del Mar methane seep and 
its megafaunal community. The authors found elevated densities of commercially valuable 
Sebastolobus spp. (thornyheads) at the seep relative to background areas. Other deep-sea studies 
that utilize imagery often discuss implications for ecosystem services (e.g. Chauvet et al., 2019; 
Cooper et al., 2019), but do not explicitly aim to do so. With the multitude of deep-sea imagery 
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being collected, there is opportunity to leverage existing data in order to characterize, and ideally 
quantify, ecosystem services. 
In the summer of 2015, Ocean Exploration Trust (OET) completed an expedition to 
explore methane seeps and other deep-sea habitats along the southern California continental 
margin (USA) (Levin et al., 2016a). Methane seeps are found in every ocean from shallow to 
deep water depths (Judd, 2003) and are still being discovered today (Riedel et al., 2018; 
Seabrook et al., 2018). Geological processes lead to seepage of methane and sulfur-rich fluids 
from the seabed (Sibuet & Olu, 1997), which fuel chemoautotrophic microbial communities 
(Boetius et al., 2000; Orphan et al., 2002) that act as the base of a food web for distinct 
biological communities (Levin et al., 2005; Åström et al., 2018). Many “background” species 
can also be found at methane seeps (Levin et al., 2016b), aggregating around authigenic 
carbonates (Treude et al., 2011), snail egg towers (Levin & Dayton, 2009), or other structures 
that increase habitat heterogeneity. An additional layer of complexity exists along the 
northeastern Pacific continental margin in the form of an oxygen minimum zone (OMZ), which 
is a midwater feature of naturally-occurring low oxygen (> 22 µmol/kg, > 0.5 ml/l). The OMZ 
can intersect benthic environments to shape local biological communities (Sellanes et al., 2010; 
Gallo & Levin, 2016; Neira et al., 2019), and resulting ecosystem services, such as fish catch 
(Keller et al., 2015). 
Fisheries species have been previously found at methane seeps. Examples include Tanner 
crabs on the Cascadia margin (Seabrook et al., 2019), and Patagonian toothfish in Chile (Sellanes 
et al., 2012). Southern California has four commercial deep-sea fisheries: shortspine thornyhead 
(Sebastolobus altivelis), longspine thornyhead (Sebastolobus alascanus), sablefish (Anoplopoma 
fimbria), and Dover sole (Microstomus pacificus) (Keller et al., 2015; Gallo et al., 2016). Several 
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of these species have previously been found on methane seeps (Grupe et al., 2015), but it is 
unclear how these habitats are utilized. Hypotheses include feeding in localized, high-
productivity areas (Seabrook et al., 2019); breeding and laying eggs (Treude et al., 2011); 
avoiding predators (Tobler et al., 2016); or removing parasites (Tobler et al., 2007). These 
species also interact with seep environments through bioturbation (Yahel et al., 2008) and 
transporting chemosynthetic production to adjacent environments (Seabrook et al., 2019). As a 
result of these interactions, the Pacific Fishery Management Council considers methane seeps 
essential fish habitat (Pacific Fishery Management Council, 2019), which are all habitats 
necessary for fish feeding, growth, and reproduction. 
Climate-regulating services related to carbon (hereafter referred to as “carbon services”) 
may also be provided by methane seeps. Continental margins contribute disproportionately to 
global carbon and nutrient cycling (Elrod et al., 2004; Little et al., 2016): although they comprise 
approximately 20% of global ocean surface area (Jahnke et al., 2010), continental margins have 
been estimated to sequester more than 40% of carbon in the ocean (Muller-Karger et al., 2005). 
Additionally, the coupling of anaerobic oxidation of methane and sulfate reduction by seep 
microbes serves as a methane sink through carbonate precipitation (Naehr et al., 2007; Marlow et 
al., 2014). OMZs, like the one off the coast of southern California, can also contribute to 
regulating services through their influence on nitrogen and sulfur cycling (Gilly et al., 2013). 
The objective of this paper is to develop an approach that characterizes deep-sea 
ecosystem services at and around methane seeps using deep-sea imagery. We adapt biological 
trait analysis to target ecosystem services (e.g. Rees et al., 2012) and focus specifically on 
fisheries and carbon services. These services are likely mediated, in part, by megafauna whereas 
services such as element cycling are facilitated by microbes which cannot be observed with 
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imagery. However, we do discuss visual indicators of microbially-driven services where 
relevant. We use examples from three southern California, upper slope, methane seeps (from 
north to south): Point Dume (724.5 m), Palos Verdes (505.6 m), and Del Mar (1023.4 m). For 
two of these (Point Dume and Palos Verdes), we provide the first detailed characterization of 
megafauna. Key questions addressed are: (1) Which megafaunal taxa are present at a given site? 
(2) What functional traits or behaviors do the community exhibit? (3) How might these traits 
promote ecosystem services? And (4) How can deep-sea exploration and observing be conducted 
in ways that facilitate quantification of ecosystem services? We examine the hypothesis that 
habitat heterogeneity at methane seeps provide more fisheries and carbon services than adjacent 
non-seep areas by testing for differences among active seep sites, transition areas, and non-seep 
background areas. We also hypothesize that fisheries and carbon services increase with diversity, 
which has been shown to increase ecological function, such as benthic fluxes of nutrients (Belley 
& Snelgrove, 2016), that can contribute to ecosystem services. Additionally, we investigate how 
these services relate to depth, dissolved oxygen concentrations, and temperature. 
 
Methods 
Study sites 
The southern California continental margin is an active, narrow, steep slope, and is home 
to an expanding OMZ that sits between approximately 450-1100 m (Helly and Levin, 2004; 
Stramma et al., 2010; Bograd et al., 2015). Our three study sites (Figure 4.1) were chosen 
because they showed preliminary signs of both fisheries services (i.e. presence of commercial 
species) and carbon services (i.e. bacterial mat indicating primary production). They also 
included both “active seep” areas (characterized by visual indicators of bacterial mats, clam 
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beds, or bubbling) as well as “background” areas (no visual indicators of seepage). The Point 
Dume (mean depth 725 m) and Palos Verdes (mean depth 506 m) seeps were newly discovered 
during OET expedition NA066 (Levin et al., 2016a). The Point Dume seep lies along a 
submarine river channel within the core of the OMZ, peppered with carbonate chimneys that 
have visually evident fluid flow (Levin et al., 2016a). The Palos Verdes seep is less than 5 km 
from shore and characterized by large carbonate rocks covered by megafaunal aggregations 
(Levin et al., 2016a). The Del Mar seep (mean depth 1023 m) was discovered by graduate 
students at Scripps Institution of Oceanography in 2015 (Maloney et al., 2015) and has since 
been visited several times. 
 
ROV dives 
Exploratory dives were conducted by ROV Hercules in July and August 2015 as part of 
the OET southern California borderlands expedition NA066. High-definition video was taken 
continuously during each dive which ranged between 7-20 hours duration. The ROV recorded 
location, depth, temperature, conductivity, sound velocity, and oxygen concentrations. Because 
OET is focused on ocean exploration and telecommunication, we were not able to extract 
quantitative data from the dive videos due to changes in altitude, zoom, and non-visible laser 
references. However, qualitative descriptions based on presence-absence and frequency of 
occurrence are still useful, especially in deep-sea systems that are rarely visualized. Metadata 
from each dive are summarized in Table 4.1.  
 
Video analysis 
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Video from each dive was segmented into five-minute clips that were each treated as a 
“sample” and annotated by-hand in MS Excel (the full protocol can be found in Appendix 4A). 
Information regarding the ROV setting (Table 4.2; Figure 4.2) and megafauna encountered 
(morphotype, location, behavior) was collected. Seep activity is separated into three categories: 
active seep sites with visual indicators of active seepage (e.g. dense bacterial mats and clam 
beds, bubbling), transition areas with visual indicators of sparse or prior seepage (e.g. patchy 
bacterial mats, dead clam beds, carbonates without signs of seepage), and non-seep background 
areas generally associated with soft sediment habitats. For the first minute of each video, animals 
were counted and identified to the highest possible taxonomic resolution. For the remaining four 
minutes, a full list of morphotypes was generated. 
 
Ecosystem services trait analysis 
Observable traits that support fisheries or carbon services were chosen (Table 4.3), and 
each morphotype was assigned a score for selected traits (Appendix 4B). We used fuzzy coding 
to capture the extent to which trait modalities contribute to each service (Chevenet et al., 1994). 
Each video was scored (both within the one-minute subset and the whole clip) for the 
morphotypes present that demonstrate the traits chosen. We were not able to calculate faunal 
densities from the videos due to unknown and variable camera field-of-view so we used 
presence-absence data. Scores were standardized by the number of morphotypes found in each 
clip. The minimum fisheries score a morphotype could have was zero whereas the maximum 
score was four. For carbon services, the minimum score was two and the maximum score was 
seventeen.  
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Statistical analysis 
All statistical analyses were done in R (version 3.5.2.), using the base package unless 
otherwise noted. Data were tested for normality using a Shapiro-Wilk test. Because data did not 
meet normality conditions, non-parametric tests were used. The Kruskal-Wallis test-by-ranks 
was used to test for significant differences among groups (e.g. sites, seep activity, microhabitats), 
and a post hoc Dunn test with a Bonferroni correction (package ‘dunn.test’) was used to identify 
which groups were different. Correlations were tested using Spearman’s rank coefficient. All 
ecosystem services score analyses were done for the first-minute subset as well as for the whole 
video clip in efforts to decrease temporal dependence among samples. Species accumulation 
curves were plotted using R package ‘vegan’.  
 
Results 
Approximately 20,000 individuals from 100 morphotypes were identified in the videos 
and grouped into seven functional groups: scavengers, benthic filter feeders & microcarnivores, 
benthic deposit feeders & bacterivores, demersal predators, pelagic predators, gelatinous 
plankton, and symbiont-bearing taxa (Table 4.4; Figure 4.3). Demersal predators had the most 
morphotypes with 37, most of which were fish species (Figure 4.4A). Both pelagic predators and 
symbiont-bearing taxa had only three morphotypes included. 
The most frequently occurring morphotypes among all sites were Poralia rufescens 
(jellyfish; 12.5%), Sebastolobus altivelis (shortspine thornyhead; 9.4%), Voragonema 
pedunculata (hydrozoan; 7.8%), Liponema anemones (6.9%), and Nezumia liolepis (smooth 
grenadier; 5.8%) (Table 4.5). There was a significant difference among the biological 
communities at our sites (ANOSIM, R = 0.356, p < 0.01) (package ‘vegan’). Among sites, Palos 
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Verdes had the highest total number of morphotypes (79), followed by Del Mar (38) and lastly 
Point Dume (31). Species accumulation curves for each site show similar findings (Figure 4.5). 
Palos Verdes also had the highest number of morphotypes unique to the site (47) whereas Del 
Mar and Point Dume had fifteen and six unique morphotypes, respectively. 
The first-minute subset was not representative of the whole clip relative to fisheries (X2 = 
47.16, df = 1, p < 0.01) and carbon scores (X2 = 80.40, df = 1, p < 0.01), so results discussed are 
for the whole five-minute clip (scores for the one-minute subset are still shown in Table 4.6). 
 
Point Dume (~698–757 m) 
The Point Dume dive (H1456) spent approximately 37% of time at the active seep site, 
25% in transition areas, and 37% in background areas (Table 4.2). This area had the lowest 
overlying oxygen concentrations with a mean of 2.76 µmol/kg (Table 4.1). During this dive, the 
most frequently occurring morphotypes were P. rufescens (18.5%), Liponema anemones 
(14.6%), galatheid crabs (11.7%), S. altivelis (8.2%), and N. liolepis (8.0%) (Table 4.5). These 
five morphotypes comprised over half of the megafauna occurrences during this dive. Other 
morphotypes were relatively rare: 22.5% of morphotypes only occurred once. Number of 
morphotypes was significantly negatively correlated with depth (ρ = -0.27, p < 0.01) and 
positively correlated with oxygen (ρ = 0.21, p < 0.01). Depth and oxygen negatively covaried 
with each other (ρ = -0.18, p = 0.01). There were no significant correlations (p > 0.05) between 
the number of functional groups in a video with depth, oxygen, or temperature. 
Background areas had significantly higher fisheries scores than both active and transition 
areas by 20% and 16.5%, respectively (X2 = 41.00, df = 2, p < 0.01; Table 4.6). Soft sediment 
substrates, which are associated with background areas, also had significantly higher fisheries 
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scores than bacterial mats by 16.3% (X2 = 41.62, df = 1, p < 0.01). With respect to carbon, the 
same pattern was observed among seep activity: background areas had significantly higher 
scores than active and transition areas by 17.4% and 17.6%, respectively (X2 = 50.74, df = 2, p < 
0.01; Table 4.6). Oxygen negatively covaried with depth (ρ = -0.18, p = 0.01). Fisheries (ρ = 
0.27, p < 0.01) and carbon scores (ρ = 0.38, p < 0.01) were significantly positively correlated 
with depth. Additionally, fisheries scores were significantly positively correlated with 
temperature at this site (ρ = 0.17, p = 0.02). 
 
Palos Verdes (~278–799 m) 
During the Palos Verdes dive (H1452), the ROV spent approximately 25% of its time at 
the active seep site, 1% in transition areas, and 66% in background areas (Table 4.2). The most 
frequently occurring morphotypes were P. rufescens (10.8%), S. altivelis (8.9%), V. pedunculata 
(6.4%), N. liolepis (5.4%), and a diversity of midwater fish (4.6%) (Table 4.5). The percentage 
of singletons, i.e. morphotypes that were observed exactly once, was 13.9%, which was lowest of 
all sites. Oxygen (ρ = -0.97, p < 0.01) and temperature (ρ = -0.96, p < 0.01) significantly 
covaried with depth. Number of morphotypes was significantly positively correlated with depth 
(ρ  = 0.60, p < 0.01), and negatively correlated with oxygen (ρ  = -0.59, p < 0.01) and 
temperature (ρ = -0.58, p < 0.01). The number of functional groups exhibited similar patterns 
with depth, oxygen, and temperature.  
Palos Verdes transition areas, which included carbonate mounds, provided significantly 
higher fisheries scores than both active and background areas by 12.3% and 6.3%, respectively 
(X2 = 8.29, df = 2, p = 0.02; Table 4.6). There were no significant differences among 
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microhabitats nor were there any differences in carbon scores. Neither fisheries nor carbon 
scores were significantly correlated with depth, oxygen, or temperature at this site. 
 
Del Mar (~987–1030 m) 
The Del Mar dive (H1444) spent approximately 60% of time at the active seep site and 
40% in background areas (transition areas were not noted during this dive; Table 4.2). At the Del 
Mar seep, the most frequently occurring morphotypes were V. pedunculata (30.0%), S. altivelis 
(15.5%), Eusergestes similis (shrimp; 6.7%), a diversity of midwater fish (4.5%), and 
Anoplopoma fimbria (sablefish; 4.4%) and Lithodid crabs (4.4%) (Table 4.5). Neither the 
number of morphotypes nor functional groups were significantly correlated with depth, 
temperature, or oxygen. 
There were no significant differences in fisheries or carbon scores among areas with 
different seep activity or microhabitats at Del Mar seep. However, fisheries scores were 
significantly negatively correlated with oxygen (ρ  = -0.40, p < 0.01). 
 
Across all three sites  
Overall, fisheries and carbon scores were significantly positively correlated with each 
other (ρ  = 0.86, p < 0.01), and the number of morphotypes observed (fisheries ρ  = 0.19, p < 
0.01; carbon ρ  = 0.18, p < 0.01). However, neither score was correlated with the number of 
functional groups present nor the number of morphotypes present within any one functional 
group.  
With respect to fisheries scores, Del Mar had significantly higher scores than Palos 
Verdes by 12% (X2 = 8.83, df = 2, p = 0.01) (Figure 4.6A). Del Mar also had significantly higher 
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carbon scores than both Point Dume and Palos Verdes by 13.4% and 14%, respectively (X2 = 
15.03, df = 2, p < 0.01). Across all three sites, there were no significant differences in carbon 
scores among seep activity (i.e. active seep, transition, background) nor microhabitats (i.e. soft 
sediment, bacterial mat, clam bed, carbonate). 
Overall, active seeps had significantly lower fisheries scores than background areas by 
6% (X2 = 14.02, df = 3, p = 0.01). Among active seeps, Del Mar had significantly higher 
fisheries (X2 = 7.13, df = 2, p = 0.03) and carbon scores (X2 = 12.35, df = 2, p < 0.01) than Point 
Dume by 15% and 20%, respectively (Figure 4.6B). Palos Verdes transitions areas had higher 
fisheries services than Point Dume transition areas by 8% (X2 = 4.02, df = 1, p = 0.04), but 
significantly lower fisheries and carbon scores than Point Dume and Del Mar among background 
areas (fisheries X2 = 27.83, df = 2, p < 0.01; carbon X2 = 33.46, df = 2, p < 0.01).  
 
Discussion 
Describing the biological community 
Deep-sea imagery is often used to describe biological communities (e.g. Amon et al., 
2016; Cooper et al., 2019). When pictures and videos are collected in a systematic way (e.g. 
steady transects with known surface area), faunal densities, distributions, and biomass estimates 
can be produced, and compared over space and time (Dunlop et al., 2015; Smith et al., 2019). 
Qualitative data can also be helpful. In our study, number of morphotypes increases with 
oxygenation among sites: the Palos Verdes dive had the highest number of morphotypes and had 
the highest mean overlying oxygen of 20.24 µmol/kg (Table 4.1). This could be an artefact of the 
larger distance and wider depth range (~278–799 m) covered by the dive. However, oxygen has 
been shown to influence biodiversity on Pacific continental margins with a strong threshold 
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effect (Sperling et al., 2016). This threshold effect has been shown to decrease diversity 
beginning at approximately 22 µmol/kg (Sperling et al., 2016), a higher oxygen concentration 
than the dive mean, but the highest number of morphotypes observed in a single video at Palos 
Verdes (> 20) was associated with oxygen levels ranging from 2.18-2.26 µmol/kg. Within the 
Palos Verdes dive, the number of morphotypes observed in each video was negatively correlated 
with oxygen (ρ  = -0.59, p < 0.01). Number of morphotypes was also positively correlated with 
depth (ρ  = 0.60, p < 0.01). In some cases, hypoxic conditions can exert selective pressure that 
increases specialization of taxa for increased diversity (Rogers, 2000). Gallo & Levin (2016) 
found diverse assemblages of fish in the Pacific, Atlantic, and Indian Oceans with physiological, 
morphological, and behavioral adaptations for life in OMZs. Additionally, increased biodiversity 
with water depth to peak from 2000-3000 m has been documented in several taxa (Rex, 1981), 
such as demersal fish in the northeast Atlantic (Mindel et al., 2016) and cnidarians, echinoderms, 
and gastropods in the Caribbean (Hernández-Ávila et al., 2018). Because oxygen and depth 
covaried (ρ = -0.97, p < 0.01), it is not possible to separate their effect on number of 
morphotypes during the Palos Verdes dive. 
In contrast to Palos Verdes, Point Dume lies within the core of the California OMZ with 
mean oxygen levels of 2.76 µmol/kg. Here, number of morphotypes was significantly correlated 
with oxygen (ρ = 0.21, p < 0.01) and depth (ρ = -0.27, p < 0.01). Because the Point Dume seep is 
in suboxic water, further decreases in dissolved oxygen may surpass physiological tolerances of 
some taxa (Seibel, 2011; Wishner et al., 2018). This may provide some evidence for loss of 
available habitat and shifting faunal distribution due to climate change (Cheung et al., 2009; 
Deutsch et al., 2015). As deoxygenation continues to expand and intensify the OMZ (Bograd et 
al., 2008; Stramma & Schmidtko, 2019), animals that cannot tolerate low oxygen conditions will 
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lose available habitat while those that can will distribute accordingly (Netburn & Koslow, 2015). 
The decrease in number of morphotypes with depth observed in Point Dume videos (ρ = -0.27, p 
< 0.01) may be driven by the significant negative correlation between oxygen and depth (ρ = -
0.18, p = 0.01). The correlation between number of morphotypes and depth here is the opposite 
of that observed during the Palos Verdes dive, highlighting differential effects of environmental 
parameters at different locations along the continental margin. 
 
Traits that support fisheries and carbon services 
All three sites had some visual evidence of bacterial mats during the dive (Figure 4.7), 
likely indicating microbial sulfide oxidation and possibly some methane oxidation. Sulfide-
oxidizing microbes can detoxify sulfidic water (Lavik et al., 2009), which could facilitate 
occurrence of morphotypes that contribute to ecosystem services. Sulfide oxidation also 
consumes oxygen with active seep areas, consuming two orders of magnitude more oxygen than 
non-seep areas (Boetius & Wenzhöfer, 2013). However, seep influence on sediment macrofauna 
communities, on which megafauna could be feeding, seems to be limited (Levin et al., 2000; 
Demopolous et al., 2018). Only 25% of morphotypes occurred on the bacterial mat, most 
frequently Liponema anemones (13.4%), P. rufescens (11.6%), and galatheid crabs (10.2%). One 
morphotype of polychaete was found exclusively on bacterial mats with two occurrences. 
Our results suggest that the active seep areas of Point Dume have lower fisheries and 
carbon scores than transition and background areas (Table 4.6). Intense seepage with hydrogen 
sulfide and exceptionally low oxygen may act synergistically to reduce the occurrence of 
functional traits that generate ecosystem services. During the Point Dume dive, we did not find 
significant correlations between ecosystem services scores and oxygen (p > 0.05), which ranged 
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from 2.01-4.73 µmol/kg. However, scores were significantly correlated with water depth which 
negatively covaried with oxygen (ρ = -0.18, p = 0.01). Unfortunately, separating these effects 
with our dataset is not possible.  
 Palos Verdes transition areas provided significantly higher fisheries services than active 
and background areas (Table 4.6). As mentioned before, this is likely driven by the large 
aggregations of fish found on carbonate rocks in transition areas (Figure 4.6). While the utility of 
these scores could be improved with faunal densities, they provide preliminary insight about 
what types of microhabitats and which environmental variables may be important to specific 
services at specific sites. Methane seeps have been recognized as essential fish habitat (Pacific 
Fishery Management Council, 2019) and this trait-based approach could provide additional 
evidence for spatial protections. The focus on ecosystem services provides a targeted effort that 
can help guide research and management priorities. 
In the case of the Del Mar seep, Grupe et al. (2015) found higher densities of 
commercially-valuable species at the active seep than in adjacent, background areas. Our results 
somewhat contrast because we found no significant differences in ecosystem services scores 
among the active seep and background area during the Del Mar dive. This suggests that the Del 
Mar area, in general, contributes more to fisheries and carbon services than our other study sites. 
However, background areas could potentially be influenced by the seep through movement of 
chemicals and animals from the seep to adjacent areas (Levin et al., 2016b).  
One drawback to using deep-sea imagery for trait-based ecosystem services assessment is 
the need for visual evidence. The traits in Table 4.3 are not exhaustive of characteristics that can 
contribute to fisheries or carbon services, but they were ascertainable from our dive videos. 
While deep-sea imagery may not be able to confirm regulating services, like metatranscriptomics 
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could (e.g. Lan et al., 2019), it does provide insight on animal behavior that can support 
ecosystem services. For example, midwater fish (e.g. myctophids, bristlemouths, barbeled 
dragonfish) would often be seen near the benthos and swimming into it (Figure 4.6), which has 
been previously observed (Cantwell, 2015). This could potentially represent an important 
benthic-pelagic interaction that contributes to carbon export. 
 
Recommendations for future studies and best practices 
Expensive and limited ship time can make it difficult to collect ideal video data. The need 
to juggle multiple scientific goals during each ROV dive makes it impractical to conduct 
quantitative visual transects, and to generate sufficient number of replicate transects. This can 
create downstream constraints for data analysis such as lack of quantitative measures of densities 
and difficulty standardizing observations. Best practices for collecting pictures and videos from 
deep-sea sampling instruments could be useful (e.g. SERPENT tutorial for ROV pilots). Random 
and independent sampling could facilitate data analysis. Replicates could also be useful, in which 
cabled observatories may be appropriate (e.g. Monterey Accelerated Research System). ROV 
and AUV transects should be conducted with consistent altitude, zoom, and speed, as well as 
with a scale for size (often in the form of lasers a fixed distance apart). The resulting data can 
then be used to calculate faunal densities and other diversity metrics (e.g. Amon et al., 2016; 
Simon-Lledó et al., 2019). A quantitative transect would also allow for comparison among 
locations and time periods (e.g. Rosen & Lauermann, 2016). Accurate maps of the seafloor 
before dive operations can help ensure best use of time (Raineault et al., 2012), but perhaps most 
important are the designation of detailed scientific goals and objectives prior to surveying. 
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Environmental measurements should be made in association with imagery being taken. 
Physical and chemical properties, such as temperature, oxygen, and hydrogen sulfide at seeps, 
are important parameters that help shape the biological communities (Levin et al., 2005). 
Porewater chemistry influences the sediment community (Gieskes et al., 2011), which can 
contribute to fisheries services (i.e. as prey of commercial species) and carbon services (i.e. as 
bioturbators). Scientific tools exist to assess water chemistry such as in situ mass spectrometers 
that can be mounted on ROVs and niskin bottles that can be used to sample water at discrete 
depths. These environmental properties can help explain differences in diversity and distribution, 
and provide insight on how communities may change with human impact such as climate change 
(Sperling et al., 2016). 
As imaging technology continues to advance, the resolution of pictures and videos 
becomes increasingly helpful for post-analysis (Bodenmann et al., 2017; Dumke et al., 2018). 
Imagery should be analyzed consistently, which may mean cross-referencing protocols and 
morphotypes if more than one person is conducting the analysis. Human bias is inherent to 
current image analysis but can be minimized with training (Matabos et al., 2017). As more deep-
sea imagery is analyzed and libraries are produced, there are possibilities to incorporate machine 
learning algorithms in collaboration with computer science and programming (Qin et al., 2015). 
Machine learning techniques could facilitate mining of existing deep-sea imagery data. They 
often sit in labs untouched, representing an underutilized source of knowledge. These pictures 
and videos provide an opportunity to generate knowledge for habitats that are rarely visualized 
and are data-limited. Imagery is also routinely collected for non-biological purposes, such as 
instrument deployment, which could be an additional source of data. 
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Environmental management implications 
The approach developed in this study can serve as an environmental decision-making 
tool, such as in the designation of spatial protections, consideration of ecosystem service 
tradeoffs, and understanding of context-dependent roles of methane seeps. This analysis can 
identify areas of high ecosystem services provision, such as the Del Mar seep that had relatively 
high fisheries and carbon scores, which may be important for designating essential fish habitat or 
marine-protected areas (Lindegren et al., 2018). An ecosystem-services approach can also 
investigate tradeoffs that may need to be considered during the environmental decision-making 
process (Boulton et al., 2016). For example, if methane seeps provide differential ecosystem 
services, one prioritization metric for spatial protections could be weighted ecosystem services 
scores (e.g. Werner et al., 2014). Lastly, results from this paper advance our understanding of 
ecosystem services associated with methane seeps. They highlight the context-dependent role of 
methane seeps in providing fisheries and carbon services along environmental gradients. For 
example, while the combination of seepage and low oxygen seemed to suppress ecosystem 
services scores at Point Dume, the Palos Verdes and Del Mar ecosystem services seemed to 
benefit from at least some seep activity. 
 
Conclusions 
In addition to describing biological communities, deep-sea imagery can be amenable to 
characterizing ecosystem services. Although standardized sampling would increase the capacity 
for quantification and comparison of ecosystem services across space and time, this study 
highlights how existing dive videos and analysis tools can be leveraged to generate information 
on ecosystem services, such as fisheries and climate-regulating services related to carbon. A 
87 
service-based approach links ecosystem structures and ecological processes to human well-
being, which can provide recommendations for environmental decision-making. This is 
increasingly important as the deep sea continues to be impacted by human activity such as 
fishing, waste disposal, and climate change (Armstrong et al., 2019). Mapping of ecosystem 
services is a popular method of identifying vulnerable areas in shallow waters (Burkhard et al., 
2018), and could help with marine spatial planning in deep water when making decisions and 
creating priorities. 
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Tables 
Table 4.1. Remotely-operated vehicle Hercules metadata from Ocean Exploration Trust 
expedition NA066 off of the southern California borderlands. 
Dive 
Number 
Date 
(2015) Site 
Latitude 
(oN) 
Longitude 
(oW) 
Average 
Water 
Depth 
(m) 
Average 
Temperature 
(oC) 
Average 
Oxygen 
Concentration 
(µmol/kg) 
Hours of 
dive 
analyzed 
H1456 9 
August 
Point 
Dume 
33.94343 118.84175 724.5 5.55 2.76 16.6 
H1452 4-5 
August 
Palos 
Verdes 
33.68481 118.36662 505.6 7.29 20.24 20.8 
H1444 27-28 
July 
West 
Del 
Mar 
32.90397 117.78251 1023.4 4.12 15.54 7.1 
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Table 4.2. Observation type, observation options, and percentage of time the ROV spent doing 
the activity or at the type of environment throughout each dive (accounting for 100% of its time). 
Observation options are mutually exclusive within each category. 
Observation 
Type 
Observation 
Options 
Point Dume 
(%) 
Palos Verdes 
(%) 
Del Mar  
(%) 
ROV activity Stationary: Inactive 17.5 16.7 17.2 
Stationary: Pan/Focus 8.6 19.4 29.6 
Stationary: Sampling 11.6 12.5 19.1 
Mobile: Search 58.8 43.0 17.9 
Mobile: Transect 3.5 8.4 16.2 
Seep activity Active Site 37.2 24.9 59.5 
Transition 24.5 1.4 0 
Off-site 37.0 66.2 40.5 
Water column  1.3 7.5 0 
Microhabitat Soft sediment (background) 53.1 76.6 57.2 
Carbonate 0 6.5 16.4 
Bacterial mat: full 5.7 0 17.3 
Bacterial mat: patchy 41.2 4.2 0 
Clam bed: full 0 0 7.2 
Clam bed: scattered 0 12.7 1.9 
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Table 4.3. Traits and their modalities that contribute to fisheries and climate-regulating services 
related to carbon. Higher scores indicate modalities that contribute more to the respective 
service. 
 
Ecosystem service Trait Modality Reference 
Fisheries – 
characteristic 
Commercially 
valuable 
Yes (1) 
No (0) 
Koslow et al., 2000 
Fisheries – trophic 
support 
Predator 
 
 
 
Prey 
Active (2) 
Passive (1) 
No (0) 
 
Yes (1) 
No (0) 
Yang & Somero, 
1993; Jacobsen & 
Vetter, 1996; Hattori 
et al., 2009; Dufault 
et al., 2009; Gallo et 
al., 2016 
Carbon – fixation and 
cycling 
Feeding mode Autotrophic (5) 
Predator (4) 
Filter feeder (3) 
Deposit feeder (2) 
Scavenger (1) 
Doering et al., 1986; 
Reinthaler et al., 
2010; Wilmers et al., 
2012; Atwood et al., 
2015 
Carbon – transport  Mobility High (3) 
Medium (2) 
Low (1) 
None (0) 
 
Carbon – transport  Movement Swim (1) 
Crawl (1) 
Burrow (1) 
Sessile (0) 
 
Carbon – transport  Bioturbation High (3) 
Medium (2) 
Low (1) 
None (0) 
Vardaro et al., 2009; 
Martinetto et al., 
2016; Hou et al., 
2017; Gogina et al., 
2020 
Carbon – storage  Diel vertical 
migration 
Yes (1) 
No (0) 
Hidaka et al., 2001; 
Hudson et al., 2014; 
Klevjer et al., 2016 
Carbon – storage  Calcification  Yes (1) 
No (0) 
 
Carbon – storage  Body size > 10 cm (3) 
3-10 cm (2) 
< 3 cm (1) 
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Table 4.4. Functional groups used, morphotypes included in them, average score assigned to the 
morphotypes in the functional group, and frequency of occurrence throughout each dive as 
percentages.  
Functional 
Group 
Morphotypes 
included 
Average 
fisheries 
score 
Average 
carbon 
score 
Point 
Dume 
(%) 
Palos 
Verdes 
(%) 
Del 
Mar 
(%) 
Scavengers 
 
 
Hagfish, shrimp, 
amphipods 
2.00 10.53 9.1 4.3 16.2 
Benthic filter 
feeders & 
microcarnivores 
Sea anemones, sea 
pens, corals, sponges 
1.63 5.71 15.4 14.6 6.0 
Benthic deposit 
feeders & 
bacterivores 
Sea cucumbers, 
urchins, snails, 
brittle stars 
1.32 8.05 0.3 8.5 6.0 
Demersal 
predators 
 
Demersal and 
benthic fish, crabs, 
sea stars 
3.09 11.40 43.0 40.9 29.6 
Pelagic 
predators 
 
Midwater fish, 
squid, chaetognaths  
2.91 10.85 3.7 4.8 5.1 
Gelatinous 
plankton 
 
Jellies, ctenophores, 
siphonophores 
1.01 7.26 23.9 26.9 35.6 
Symbiont-
bearing taxa 
 
Vesicomyid clams, 
lucinid clams, 
folliculinids 
0.93 10.60 4.6 0 1.5 
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Table 4.5. Frequency of occurrence of each morphotype, presented as a percentage of total 
morphotype occurrences, for each dive as well as among all dives. 
Morphotype Point Dume Palos Verdes Del Mar All dives 
Alepocephalus tenebrosus 0 0 2 0.3 
Anoplopoma fimbria 0 3.6 4.4 2.3 
Bathyraja spinosissmia 0 0 0.4 0 
Cataetyx rubirostris  0 0 0 0 
Cladorhizidae 0 0 0.4 0 
Coryphaenoides acrolepis 0.2 0 0 0.1 
Embassichthys bathybius 0 0.1 0 0 
Epatratus spp 2.6 0.8 4.2 1.9 
Glyptocephalus zachirus 0 0.2 0.9 0.2 
Liparidae 0 0.1 0 0 
Lyopsetta exilis  0 0.1 0 0.1 
Merluccius productus 0 0.5 0 0.3 
Microstomas pacificus  4.6 4 0.7 3.8 
Midwater fish 3.7 4.6 4.5 4.2 
Nemichthyidae 0 0.8 0 0.4 
Nettastomatidae 0 1.2 0 0.6 
Nezumia liolepis 8 5.4 0.2 5.8 
Ophiodon elongatus  0 0 0 0 
Rajidae sp 0 0 0 0 
Scyliorhinidae 5.2 1.4 0 2.7 
Sebastes spp 0 0.5 0 0.2 
Sebastolobus alascanus 0.2 0 0 0.1 
Sebastolobus altivelis 8.2 8.9 15.5 9.4 
Zoarcid 2.4 0.1 0 1 
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Table 4.5. Continued 
Morphotype Point Dume Palos Verdes Del Mar All dives 
Holothuroidea 0.1 3.6 0.9 1.9 
White Sea Cucumber 0 0.1 0 0 
Strongylocentrotus fragilis 0 3.9 0 1.9 
Ophidiidae sp 0 0 0 0 
Ophiurida sp 01 0.3 2.8 0 1.5 
Asteroidea sp 01 0.1 4.1 0 2 
Asteronyx sp 0 0.8 0 0.4 
Brisingidae 0 0.4 0 0.2 
Hippasteria sp 01 0 0.2 0 0.1 
Gonatus sp 0 0.1 0 0 
Octopus 0 0.6 0 0.3 
Pteropod 0 0.1 0.5 0.1 
Eusergestes similis 6.4 2.9 6.7 4.7 
Galatheid sp 11.7 0.4 0 4.7 
Lithodidae sp 0 0.7 4.4 0.9 
Lithodidae sp 02 0 2.1 0 1 
Pandalopsis sp 0.1 0 2.4 0.3 
Peracarid sp 01 0.1 0 0 0 
Sergestidae sp 0.1 0.5 2.7 0.6 
Chaetognath 0 0 0 0 
Amphipod 0 0 0.2 0 
Lucinidae 4.6 0 0 1.8 
Vesicomyidae 0 0 0.2 0 
Alia snail 0.2 0 0 0.1 
Buccinidae sp 01 0 0 0.9 0.1 
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Table 4.5. Continued 
Morphotype Point Dume Palos Verdes Del Mar All dives 
Gastropod sp 01 0 0.1 0 0 
Gastropod sp 02 0.1 0 0 0 
Paguroidea 0 0 0.4 0 
Provanna 0 0 3.1 0.4 
Heteropolypus sp 0 0.7 0 0.3 
Zoanthid 0 0.1 0 0 
Umbellula sp 0 1.6 0 0.8 
Actinaria sp 01 0 0.3 0 0.2 
Actiniidae sp 01 0 0.2 3.8 0.6 
Actiniidae sp 02 0.8 0.5 1.1 0.7 
Actiniidae sp 03 0 0.4 0 0.2 
Bolocera sp 0 0.1 0 0.1 
Liponema sp 14.6 2.5 0.2 6.9 
Funiculina sp 0 1.7 0 0.8 
Pennatulacea sp 01 0 0.1 0 0 
Petalidium suspiriosum  0 0 0 0 
Sessiliflorae sp 0 1.6 0 0.8 
Scyphozoa sp 01 0 0.2 0 0.1 
Scyphozoa sp 02 0 0.1 0 0 
Aeginura 0 0.5 0 0.3 
Atolla sp 0 0.1 0 0 
Jelly03 0 0.6 0 0.3 
Poralia rufescens 18.5 10.8 0.2 12.5 
Spinophiura jolliveti 0 0 2.4 0.3 
Voragonema pedunculata 2.5 6.4 30 7.8 
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Table 4.5. Continued 
Morphotype Point Dume Palos Verdes Del Mar All dives 
Dromalia alexandri 0 4 0 2 
Siphonophore 2.4 4.1 2.4 3.2 
Bolinopsis sp 0.1 1.4 0 0.7 
Ctenophora sp 01 0.1 1.5 0 0.8 
Ctenophora sp 02 0.3 0.5 0 0.4 
Ctenophore sp 03 0 0.1 0 0.1 
Lampocteis cruentiventer 0 0.5 0.7 0.3 
Serpulid Polychaete 0 0.1 0 0.1 
Flatworm01 0 0.2 0.5 0.2 
Flatworm02 0 0.1 0 0 
Polychaete01 1.8 0.3 0.2 0.8 
Polychaete02 0 0 0.4 0 
Polychaete03 0 0 0.2 0 
Polychaete04 0 0 0.2 0 
Polynoidae 0.5 0.9 0 0.6 
Siboglinidae 0 0 0.2 0 
Encrusting Sponge 0 0 0.5 0.1 
Porifera sp 01 0.1 0 0 0 
Porifera sp 02 0 0.1 0 0 
Porifera sp 03 0 0.2 0 0.1 
Sponge 0 0 0 0 
Folliculinidae 0 0 1.1 0.1 
Foram01 0 0.5 0 0.2 
Foraminifera 0 0 0.5 0.1 
Tunicate01 0 0.1 0 0 
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Table 4.6. Summary of ecosystem services scores, standardized by the number of morphotypes, 
for each site. Transition areas were not delimited for Del Mar. Significant differences across sites 
are noted with a, b, c (horizontally); significant differences within sites are noted with x, y, z 
(vertically). 
Service Point Dume Palos Verdes Del Mar Overall 
Fisheries: five-
minute 
2.71 ± 0.86ab 2.61 ± 0.82a 3.09 ± 1.38b 2.72 ± 0.95 
Fisheries: one-
minute 
2.22 ± 0.59 2.42 ± 0.77 2.30 ± 1.30 2.32 ± 0.79 
Fisheries: active 
 
2.38 ± 0.78a,x 2.35 ± 0.76ab,x 2.98 ± 1.45b 2.58 ± 1.09x 
Fisheries: transition 
 
2.52 ± 0.45a,x 2.84 ± 0.66b,y NA 2.52 ± 0.45xy 
Fisheries: 
background 
3.18 ± 0.97a,y 2.59 ± 0.86b,x 3.29 ± 1.23a 2.82 ± 0.98y 
Carbon: five-
minute 
11.69 ± 3.09a 11.59 ± 3.20a 13.96 ± 5.47b 11.99 ± 3.69 
Carbon: one-minute 
 
9.47 ± 1.71 10.53 ± 2.30 10.56 ± 3.51 10.08 ± 2.33 
Carbon: active 
 
10.61 ± 2.67a,x 11.63 ± 2.66 14.03 ± 5.93b 11.94 ± 4.34 
Carbon: transition  
 
10.58 ± 1.54x 11.75 ± 2.55 NA 10.58 ± 1.54 
Carbon: 
background 
13.57 ± 3.42a,y 11.53 ± 3.45b 13.84 ± 4.68a 12.34 ± 3.73 
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Figures 
 
Figure 4.1. Geographic locations of our three methane seep study sites: Point Dume seep, Palos 
Verdes seep, and Del Mar seep. 
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Figure 4.2. Examples of microhabitats observed during the dives: (A) soft sediment 
[background], (B) carbonate mounds, (C) full bacterial mat, (D) patchy bacterial mat, (E) full 
clam bed, and (F) scattered clam bed. 
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Figure 4.3. Example morphotypes of each functional group: (A) scavengers – hagfish, shrimp; 
(B) benthic filter feeders & microcarnivores – carnivorous sponge, sea anemone, sea pen; (C) 
benthic deposit feeders – brittle star, sea cucumber, sea urchin; (D) demersal predators – 
groundfish, sea stars, crabs; (E) pelagic predators – midwater fish, squid; (F) gelatinous plankton 
– jellies, ctenophores, siphonophores; and (G) symbiont-bearing taxa – folliculinid ciliates, 
vesicomyid clams. 
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Figure 4.4. (A) The number of morphotypes included in each functional group, and (B) the 
relative abundance of each functional group at three methane seeps off southern California 
within the one-minute subset. 
B 
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Figure 4.5. Species accumulation curves for the dives at Point Dume (blue), Palos Verdes (pink), 
and Del Mar (orange). 
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Figure 4.6. Boxplots showing quartiles of (A) fisheries and (B) carbon scores for each dive. 
 
A 
B 
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Figure 4.7. Examples of microhabitats and traits that support ecosystem services: (A) 
commercially-valuable rockfish and thornyhead spp. aggregating on carbonate rocks; (B) 
Galatheid crab feeding on bacterial mat; and (C) midwater fish observed at the active seep. 
 
Appendices 
Appendix 4A. Protocol used to analyze remotely-operated vehicle (ROV) dive videos in this 
study.  
 
ROV: For each observation, fill out the video file name. Fill out the observation type: activity, 
habitat, substrate, lebenspurren (if applicable). Each file should have AT LEAST one of each of 
these observations. Then fill out the observation (e.g. stationary: inactive, soft sediment, etc.) and 
record the start and end times for each. Please use these characterizations unless something out 
of the ordinary comes up; then let Jen know. Note whether the observation is within the first 
minute of the video or not (Y/N). 
1. Tag the video with an “activity” (what the ROV is doing) – indicate start and end times 
a. Stationary: Inactive 
b. Stationary: Pan/Focus (camera movement) 
c. Stationary: Sampling [Sampling type (push core, slurp, grab, Niskin)] 
d. Mobile: Search (exploratory) 
e. Mobile: Transect (directed movement) 
2. Tag the video with a “habitat” as they appear in the video – indicate start and end times 
a. Active Site (seep, whale fall, canyon) 
b. Transition (some signs of activity, e.g. carbonate rocks but no bacterial mats) 
c. Off-site: Moving Towards 
d. Off-site: Moving Away 
e. Water Column (more than 3m off the bottom) 
3. Tag the video with dominant “substrate” as they appear in the video – indicate start and 
end times 
a. Soft Sediment 
b. Carbonate (only really at seeps) 
c. Bacterial Mat: Full (more than 50% cover) 
d. Bacterial Mat: Patchy 
104 
e. Clam Bed: Full (more than 50% cover) 
f. Clam Bed: Scattered 
g. Mixed (more than one substrate visible other than sediment) – specify substrates 
in “notes” section 
h. Make note of lebenspurren: lots of pits and burrows, ampharetids, etc.  
 
FAUNA: 
4. Working copy of fauna: 
https://docs.google.com/document/d/1nYeAXaQl79ZlkejMP42drUqg1jich8QDO7FS1U
mLtlk/edit?usp=sharing 
Please check and update the document regularly. Name new fauna with an identifier (e.g. 
color), number, or both. Also be careful to avoid typos, which will make it difficult to 
sort later in the process: be consistent! Count individuals as they cross into the lower 2/3 
of the screen. 
5. Note the position of each individual.  
a. On Bottom (on top of the sediment, rock): On Top, Buried, Inside 
b. On Benthic Organism (on top of another organism that is attached to the bottom) 
– note what the benthic organism is 
c. Demersal (within one body length of the benthos) 
d. Water Column (more than one body length from the benthos) 
6. Record what substrate each individual is on or hovering over (“location”), i.e. if a jelly is 
in the water column but hovering over bacterial mat, then tag this with bacterial mat. Use 
the same characterizations as Step 3.  
7. Determine what each individual is doing.  
a. Stationary 
b. Mobile: Swimming (active), Drifting (inactive) 
c. Ventilating, Breathing 
d. Feeding 
e. Start a new line for any individual(s) that are doing different things, e.g. 5 
anemones on the sediment, 2 anemones on stalked sponges 
8. For high “density” areas (more than 25% of the frame), estimate the percent coverage of 
the organism, start time, and end time.  
9. Also note any terrestrial plants, trash, etc. in the videos. 
10. Miscellaneous: Make any notes about interesting observations, i.e. there were lots of/no 
particulates in the water, transition zone between brittle stars and holothurians, 
continuation of sampling from the previous video, etc. 
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Chapter 5: Ecosystem services associated with natural stormwater treatment systems in 
Los Angeles: A review 
 
Jennifer T. Le, Jennifer Gonzalez, Richard T. Carson, Richard Ambrose, Lisa A. Levin 
 
Abstract 
Natural stormwater treatment systems (NTS) are built ecosystems designed to capture 
and treat stormwater runoff via natural processes. The biological communities associated with 
NTS, including plants, animals, and microbes, provide non-targeted functions that can result in 
additional ecosystem services, such as biodiversity, pollination, and climate regulation. 
Additional benefits of NTS include recreation, education and outreach opportunities, and 
aesthetic value. A review of ecosystem services and additional benefits associated with NTS is 
provided with specific examples from Los Angeles County. In our discussion of how these co-
benefits are provided, we highlight needs in environmental assessment and monitoring programs: 
indicators that can quantify ecosystem services, and standardization of measurements for 
comparison across space and time. As NTS become widespread in places like Los Angeles 
County, the ability to assess how well NTS are performing is imperative to developing best 
practices and optimizing benefits. We conclude by offering three models that can be used to 
evaluate NTS performance. Such information can be important in advancing NTS design and 
spatial placement, as well as in making choices between NTS and more traditional stormwater 
treatment options. 
 
Introduction 
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Development and urbanization transform coastal landscapes by replacing vegetation with 
impermeable surfaces. Subsequent precipitation events can lead to decreased water infiltration, 
modified water flows, and introduction of contaminants into stormwater runoff (Goonetilleke et 
al., 2005; Walsh et al., 2005). As a result, flooding and property damage, increased safety and 
health risks, and environmental damage can occur (Wheater & Evans, 2009; Poff & Zimmerman, 
2010; Grimm, 2011). Urban planners and developers have traditionally addressed stormwater 
runoff issues by building drainage systems that connect directly to large bodies of water (e.g. 
streams, ocean) or treatment plants. The former have been found to further alter hydrology and 
degrade water quality (Walsh et al., 2012), while the latter can be energetically and chemically 
intensive (Panepinto et al., 2016). 
Natural stormwater treatment systems (NTS) are emerging as an alternative stormwater 
management strategy (Ambrose & Winfrey, 2015). NTS (also referred to as low-impact 
development or best management practices) are human-made systems that use natural processes 
(e.g. gravity-driven hydrology, plant absorption of water and nutrients) to capture and treat 
stormwater runoff. They come in different forms: bioretention systems (biofilters, bioswales, rain 
gardens), infiltration basins and trenches, permeable pavements, dry wells and ponds, treatment 
wetlands, and combinations. Table 5.1 provides a summary, although there are differing opinions 
on what constitutes an NTS (e.g. permeable pavements). Additionally, some of the listed systems 
can also treat wastewater, functioning in similar ways but obtaining water from different sources. 
This paper focuses primarily on bioretention systems (i.e. biofilters) because they host biological 
communities as part of their design. 
Because NTS function as built ecosystems, they can support diverse ecosystem services, 
defined as direct and indirect benefits humans obtain from ecosystems (Millennium Ecosystem 
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Assessment, 2005; de Groot et al., 2010; Haines-Young & Potschin, 2018). Ecosystem services 
associated with NTS have long been acknowledged (Bolund & Hunhammar, 1999; U.S. EPA, 
2012a, 2012b), but they have largely been ignored by monitoring programs and economic 
valuation efforts, which have been limited to targeted water functions. Co-benefits have been 
described for other green spaces (e.g. parks, green roofs, urban forests) such as offsetting carbon 
emissions (e.g. McPherson, 1992; Nowak et al., 2013), cooling local temperatures (e.g. Akbari et 
al., 2001; Oliveira et al., 2011), cultural services (e.g. recreation, education and outreach, 
aesthetic value; Hammer et al., 1974; Correll et al., 1978), and benefits to human health and 
well-being (Tzoulas et al., 2007; Houlden et al., 2018). The incorporation of ecosystem services 
and other co-benefits into environmental decision-making can present urban planners and 
developers with additional benefits, costs, and tradeoffs to consider in order to make optimized 
decisions (BenDor et al., 2018; Diaz et al., 2018).  
We use Los Angeles County as a case study because it experiences periodic water crises, 
hosts a dense human population near the coast, and has policy in place to encourage the use of 
NTS. There are spatial and temporal mismatches in the supply and demand for water in 
California, most precipitation occurring remotely from agricultural and metropolitan hubs that 
need consistent sources of water irrigated and imported (Chung et al., 2002). Additionally, 
California droughts and water shortages are predicted to increase in frequency and magnitude 
due to anthropogenic climate change (Diffenbaugh et al., 2015). As a state, California has passed 
several propositions to protect water supply and quality (e.g. AB-1471, 2014). In 2004, Los 
Angeles passed Proposition O which allowed the city to issue up to $500 million to fund projects 
that increase local water quality (City of Los Angeles, 2018). In 2012, Los Angeles adopted its 
Low Impact Development Ordinance (RA-2012-0175) requiring development and 
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redevelopment projects that alter impervious area to mitigate runoff by capturing precipitation 
and utilizing natural resources where possible. As a result of these environmental conditions and 
political momentum, green infrastructure and NTS have been broadly distributed throughout Los 
Angeles County and continue to be implemented. For a list of NTS in Los Angeles County 
please refer to the following report: 
https://dornsife.usc.edu/assets/sites/291/docs/Publications/Levin_et_al._2017_Biofilter_Report.p
df. This study uses a small subset to illustrate potential ecosystem services (Figure 5.1).  
Here, we review ecosystem services and co-benefits associated with NTS, including their 
necessary structures and functions. We use specific examples from Los Angeles County to 
illustrate how ecological processes found in human-made NTS can be important to human well-
being. The lack of quantitative data for NTS highlights the need for robust assessment and 
monitoring, and we propose ecosystem services indicators as a starting point. Implementation 
and management of NTS can benefit greatly from ecosystem service quantification and 
valuation, identifying alternative design options and areas of improvement.  
 
Targeted water services 
Stormwater infiltration 
NTS are designed to capture stormwater runoff for infiltration or reuse (U.S. EPA, 2000), 
and have been shown to be effective (Davis, 2008; Li et al., 2009). Most systems are oriented 
vertically, using gravity to direct water flow through several layers that generally consist of a 
ponding area with vegetation, porous filter media, and a drainage zone (Figure 5.2). Infiltration 
rates of a system can vary widely depending on variables such as size (Gilroy & McCuen, 2009; 
Berretta et al., 2018), age (Brown & Hunt, 2012; Le Coustumer et al., 2012), filter media (Hsieh 
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& Davis, 2005; Sileshi et al., 2019), and other design factors (Askarizadeh et al., 2015). 
Vegetation also plays a role by intercepting precipitation and water flows (Berland et al., 2017), 
and preventing clogging of filter media to maintain infiltration capacity (Archer et al., 2002; Hatt 
et al., 2009, Payne et al., 2018). Additionally, evapotranspiration by plants can account for 15-
20% of inflow (Sharkey, 2006).  
Urban areas with low permeable surface area can be prone to flooding and changes in 
groundwater recharge (Konrad, 2003). Los Angeles County lacks infrastructure to handle large 
volumes of stormwater (Sheng & Wilson, 2009), and flooding can occur when unexpectedly 
high precipitation occurs. This issue occurs in a state that experiences episodic drought (Seager 
et al., 2013), highlighting the need for proper stormwater management and use. Targeted 
stormwater infiltration by NTS can provide ecosystem services that help address these 
challenges.  
 
Flood control 
Flood risk is measured as a combination of hazard (i.e. runoff volume, base and peak 
flows, flood plain) and vulnerability (i.e. infrastructure, population density). By altering 
landscapes and hydrology, urbanization can lead to increased flood risk caused by heavy 
precipitation and storm surge (Tingsanchali, 2012). NTS have been shown to significantly reduce 
runoff volume and magnitude of high-flow events by capturing and storing stormwater runoff. 
Hatt et al. (2009) found reductions in runoff volume of 33% on average, as well as peak flow 
reductions of at least 80% in three bioretention systems in Australia. In another field study, 
Davis (2008) reported mean peak flow reductions of 49% and 58% in two test bioretention 
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systems, as well as delays in flow peaks which can provide urban managers with time to put 
mitigation measures in place. 
Most Los Angeles NTS showed visual indicators of flood control services: permeable 
surfaces that allow for water infiltration, graded landscaping to help direct runoff, and ponding 
areas designed to temporarily store water. For example, Elmer Avenue Green Street was 
constructed specifically to address street flooding during precipitation events by incorporating 
bioswales, biofilters, permeable pavements, and rain barrels (Belden et al., 2012). However, 
additional information is needed in order to quantify these services. Measurements for flood 
hazard may be relevant (e.g. soil porosity, pervious surfaces, changes to magnitude and timing of 
flood peaks) (Brody et al., 2012), as well as those for flood vulnerability (e.g. population and 
area exposed to changes in flood frequency) (Arnell & Gosling, 2016). Spatial models have also 
been developed, mapping urban surfaces to estimate infiltration capacity (Farrugia et al., 2013). 
The value of flood control has been extensively studied in the context of wetlands (e.g. 
Costanza et al., 2008; Barbier et al., 2013), generally by assessing differences in property 
damage along a spectrum of wetland area (e.g. reduction in damages as proxied by replacement 
cost). Brander et al. (2006) conducted a meta-analysis to estimate the value of flood control by 
wetlands which resulted in a median of $20-30 1995 USD per hectare annually. Watson et al. 
(2016) estimated a net present value of less than $100 USD per hectare of wetland annually. 
NTS usually operate at smaller spatial scales than major wetland restoration projects so the main 
unknown here is whether NTS of different designs provide more localized flood control. 
 
Groundwater recharge 
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Groundwater is used by more than half of the population in the U.S. and its recharge is an 
essential component of the water cycle (Maupin et al., 2014). Major sources of recharge in urban 
environments include runoff infiltration, and leakages from the water supply and sewage systems 
(Vázquez-Suñé et al., 2010). Urbanization can decrease groundwater recharge due to the 
installation of impermeable surfaces (U.S. E.P.A., 2000; Ahiablame et al., 2012). However, the 
importation of large volumes of water to meet demand in highly-populated urban areas also leads 
to significant leakages and recharge (Lerner, 2002). These changes can also degrade water 
quality, e.g. leakage from sewage systems, saltwater intrusion due to lowering of the water table 
(Bartolino & Cunningham, 2003).  
NTS can contribute to groundwater recharge by providing permeable surfaces and pore 
space in their filter media that allow stormwater runoff to pass into the soil subsurface. The 
Avalon Green Alley project in south Los Angeles is designed to allow water to percolate into the 
soil and recharge the water table (Lindt et al., 2014). Beneath the permeable pavement of the 
green alley, catch basins store stormwater temporarily where it can be bioremediated before 
flowing into surrounding soil. Quantifying groundwater recharge can be challenging, but several 
methods exist to do so. Scanlon et al. (2002) describe three categories of methods: physical 
techniques such as measuring flows (e.g. Kazmierczak et al., 2016), tracer techniques which 
include the use of chemical, isotopic, or historical tracers (Vázquez-Suñé et al., 2010; Cartwright 
et al., 2017), and numerical modeling techniques (e.g. Reitz et al., 2017). Challenges still exist 
such as those posed by spatial and temporal variability (Simmers, 1997), but there are efforts to 
address them. For example, Tubau et al. (2017) developed a temporally explicit model for 
quantifying groundwater recharge.   
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The value of groundwater recharge can be calculated using various methods; the most 
appropriate is dependent on the end-use of water. For example, in 2010, California withdrew 
12,700 million gallons of groundwater per day of which approximately 22.2% was used for 
domestic purposes (Maupin et al., 2014). The value of groundwater recharge can therefore be 
associated with the price of water to consumers. Replacement costs can also be used to assign a 
value to groundwater recharge. Artificial groundwater recharge is the spread of water on land to 
increase infiltration or the injection of water directly into the aquifer (Todd, 1959). These actions 
have associated costs and can be used to estimate a value for the same service performed by 
NTS. 
 
Improved water quality 
As stormwater runoff flows over urban surfaces, it can acquire contaminants such as 
suspended solids, heavy metals, nutrients, and pathogens (Lee & Bang, 2000).  Because southern 
California receives little precipitation, it allows for the build-up of contaminants and results in 
the “first flush” phenomenon: elevated levels of stormwater pollution at the beginning of storm 
events (Deletic, 1998; Lee et al., 2005). These contaminants can then enter larger bodies of water 
(e.g. rivers, oceans) and degrade the local environment (Ahn et al., 2005). Many highly urban 
areas, such as Los Angeles County, are coastal which can exacerbate this issue of water quality 
because stormwater runoff can drain directly into the ocean with little opportunity (i.e. distance) 
for treatment.  
There is a range of common stormwater runoff pollutants. Industrial processes (e.g. coal 
combustion and metal corrosion) and traffic produce copper, lead, and zinc (Makepeace et al., 
1995; Joshi & Balasubramanian, 2010). Heavy metals can persist in the environment and 
136 
accumulate in sediment, plants, and animals, leading to the degradation of environmental and 
human health (Appendix 5A). Major contributors to nutrient pollution (mainly nitrogen and 
phosphorous) are fertilizers, sewage, and erosion (Carpenter et al., 1998; Yang & Toor, 2017). 
The input of excess nutrients into streams, lakes, and the ocean (i.e. eutrophication) can cause 
degradation of habitat and changes in community structure. Eutrophication can lead to harmful 
algal blooms, hypoxia, and anoxia, which can have cascading effects on the local ecosystem 
(Hallett et al., 2016). Harmful organics from herbicides, pharmaceuticals, and industrial 
processes (e.g. polycyclic aromatic hydrocarbons) can be found in urban stormwater runoff and 
be detrimental to biology (Burant et al., 2018). Pathogens also pose a risk to human health 
through exposure (e.g. from recreation activities and stormwater reuse). Lim et al. (2015) found 
that captured stormwater can be used for toilet-flushing with acceptable risk, but it does not meet 
required standards for showering and food-crop irrigation. Beach closures and advisories are 
often the result of bacteria levels exceeding water quality standards (Abdelzaher et al., 2010; 
McBride et al., 2013). In addition to the threat to human health, the resulting closures have 
associated economic costs, e.g. less use of parking lots, restaurants, and shopping (Lew & 
Larson, 2005; Pendleton & Kildow, 2006).  
NTS remove contaminants through several pathways. Physical filtration removes debris 
and suspended solids (Maniquiz-Redillas et al., 2014). While this process may lead to clogging, 
and subsequent deterioration of bioremediation functions, informed NTS design, such as plant 
selection, can help maintain infiltration capacity (Payne et al., 2018). Contaminant molecules can 
also be removed from runoff by adsorption (sticking of contaminant molecules onto soil grains) 
and assimilation (uptake of contaminants by plants; Dhokpande & Kaware, 2013; Payne et al., 
2014). A significant portion of bioremediation in these systems is performed by soil microbial 
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communities that can be stimulated by moisture (Badin et al., 2011). NTS can prevent 
contaminants from traveling further to pollute local bodies of water, but they can also 
concentrate pollutants in plants and filter media (Al-Ameri et al., 2018). These concentrated 
contaminants can leach into surrounding soils, e.g. due to lower oxygen levels that increase 
metal solubility. As a result, some maintenance is likely required in order to prevent build up and 
transport of contaminants into the environment. 
Contaminant removal may be the most well-studied service provided by NTS. Figure 5.3 
shows examples of systems installed to remove debris and contaminants from runoff. The Grand 
Boulevard tree wells (Venice, Los Angeles County) consists of seven water filtration systems 
that capture urban runoff from 6.8 acres of residential and commercial area before the water 
reaches the Santa Monica Bay (http://www.lastormwater.org/green-la/proposition-o/grand-
boulevard-tree-wells/). The Filterra™ system (Contech Engineered Solutions) utilized on Grand 
Boulevard has been shown to effectively remove suspended solids, heavy metals, and nutrients, 
at efficiency ratios ranging from 83-88%, 33-77%, and 9-70% respectively, by comparing 
pollutant concentrations between inflow and outflow (Lenth et al., 2010). Removal rates of 
heavy metals (copper, zinc, lead, and cadmium) by bioretention systems can be quite high (above 
90%) (Lim et al., 2015). Sediment and nutrient removal by NTS have also been found to be 
relatively high (more than 50% in most cases) in several laboratory experiments (Bratieres et al., 
2008; Zinger et al., 2013). While these laboratory experiments provide a deep understanding of 
how NTS may function under specified conditions (e.g. dry and wet conditions, high and low 
temperatures), in situ studies are also needed to put those laboratory experiments into context. 
How NTS operate over time is still an open question, both over long (e.g. months to seasons) and 
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short (e.g. period of a storm) time scales, as well as how the timing of water quality 
measurements can affect results (e.g. beginning or end of the storm, post-saturation). 
There are many studies that estimate the value of improved water quality using a variety 
of methods. Contingent valuation, including discrete choice experiments, asks a sample of 
respondents about their willingness-to-pay (WTP) for a spectrum of water quality (e.g. Carson & 
Mitchell, 1993; Chatterjee et al., 2017). A production function approach can value improved 
water quality by comparing the cost of alternative methods for contaminant removal, such as a 
stormwater treatment plant. The appropriate method is dependent on the fate of the stormwater 
and the final ecosystem service it provides, e.g. clean water for drinking or clean water that hosts 
higher biodiversity. 
 
Non-targeted ecosystem services 
There are efforts to better quantify and value the water services discussed above (e.g. 
Grizzetti et al., 2016), but NTS can also provide a range of non-targeted ecosystem services, 
linked to their utilization of natural structures and functions, and other co-benefits. Filter media 
and plant communities, which increase infiltration and remove contaminants, host biodiversity 
which contributes to ecological processes that can result in beneficial ecosystem services 
(Mehring & Levin, 2015). These ecosystem services and other co-benefits (or costs, in the case 
of disservices) are not generally considered during the design and assessment of NTS. One 
unique feature of NTS is that they are human-made, so they can be designed to provide specific 
benefits, which are discussed here to further expand design options that can enhance variety and 
value of services that can be provided by NTS. 
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Biodiversity 
Vegetated NTS act as man-made ecosystems that contain a diversity of plants, animals, 
and microbes from which ecosystem services can be generated (Engelhardt & Ritchie, 2001; 
Balvanera et al., 2006; Cardinale et al., 2012; Science for Environment Policy, 2015) (Figure 
5.4). They provide patches of habitat within an urban landscape, and potentially act as corridors 
through which organisms can move. This can be important for population connectivity and 
resilience in a changing environment due to removal of natural habitat, habitat fragmentation, 
and anthropogenic climate change (Aavik & Helm, 2018). Biodiversity is here loosely defined to 
encompass plant, animal, and microbial species richness, abundance, and distribution. 
While NTS biodiversity can be measured using a range of methods (e.g. visual surveys, 
fauna collections), how biodiversity translates into ecosystem services is more complex and will 
need targeted studies. Plants act as ecosystem engineers in bioretention systems, influencing both 
hydrological and ecological features. Vegetation captures precipitation (Berland et al., 2017), 
undergoes evapotranspiration (Katul et al., 2012), maintains media porosity with roots, and 
assimilates pollutants (Payne et al., 2018). Plants determine photosynthesis and respiration rates, 
organic matter in soil, and ultimately, carbon sequestration and storage in NTS (Heimann & 
Reichstein, 2008). Additionally, plant communities influence microbial and infaunal 
communities which subsequently impact ecosystem function. Microbial communities are most 
often assessed in terms of harmful taxa present (e.g. fecal-indicator bacteria; Paule-Mercado et 
al., 2016) or as functional groups (i.e. denitrification, greenhouse gas emissions; McPhillips & 
Walter, 2015). Fauna, except in wetland settings, are usually not considered in NTS design, 
despite their role in facilitating targeted functions and services. Kazemi et al. (2011) and 
Mehring et al. (2016) identify common biofilter taxa, such as Megadrilacea (earthworms), 
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Enchytraeidae (potworms), and Collembola (springtails). Earthworms are known to increase 
water infiltration via burrows (Shipitalo & Bayon, 2004), while springtails can impact plant 
growth and nutrient cycling (Mehring & Levin, 2015). As a result, these soil invertebrates can be 
considered ecosystem engineers that move and aerate soil, shaping the microbial, floral, and 
faunal communities from which more ecosystem services can stem. Because urban NTS can 
receive more water than native ecosystems, they can host elevated biodiversity of local soil 
invertebrates relative to natural habitats (Ge et al., 2019). Higher biodiversity can be beneficial if 
they enhance service provision, or detrimental if they involve invasive species that disrupt 
function. The Ballona Freshwater Marsh is reported to have provided breeding and foraging 
grounds for 217 bird species in 2012 (Read & Strecker, 2013). Wetland bird species are used 
internationally to designate areas for conservation (Ramsar, 2016) and, in addition to 
contributing to wetland biodiversity, provide recreational services (Jenkins et al., 2010). 
Increases in biodiversity have also been shown to increase human well-being in urban settings 
(Carrus et al., 2015). 
Studies exist on the economic value of biodiversity in urban and engineered settings (e.g. 
constructed wetlands, agriculture). These often employ contingent valuation, travel cost analysis, 
and hedonic property pricing methods to estimate society’s WTP for biodiversity and its 
conservation. Travel cost analysis equates the value of an amenity with the amount of resources 
(e.g. money, time, opportunity cost) used to enjoy that amenity. Hedonic pricing considers goods 
as a bundle of attributes that can then be manipulated in order to determine how people value 
those attributes. In urban areas, Dupras et al. (2014) estimated that urban forests in the Greater 
Montreal area in Canada host biodiversity that creates a value of $2623 2013 CAD per hectare 
annually. Brander et al. (2006) conducted a meta-analysis of wetland biodiversity that resulted in 
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an average value of $17,000 1995 USD per hectare of wetland annually. Biodiversity associated 
with other human-made ecosystems, such as agricultural land, may also be relevant to 
constructed NTS (e.g. Thrupp, 2000; Pascual & Perrings, 2007; Gallai et al., 2009). 
 
Climate regulation related to carbon 
Carbon dioxide emissions are the largest contributor to anthropogenic climate change 
(IPCC, 2014), and as a result, climate-regulating services related to carbon (i.e. carbon 
sequestration and storage), have become increasingly important especially in urban areas that 
contribute disproportionately to global emissions (Global Platform for Sustainable Cities, 2019). 
NTS plants have the potential to contribute to this effort by converting atmospheric carbon 
dioxide into biomass through photosynthesis. How long this carbon is subsequently stored is 
dependent on several factors. While some carbon is quickly rereleased during respiration, some 
is stored as plant biomass and soil detritic compounds. Turnover rates vary with types of 
biomass. For example, woody biomass has slower turnover rates than biomass that contains 
chlorophyll (Galbraith et al., 2013). Turnover rates can also vary with soil moisture (Jabro et al., 
2008), soil oxygenation, soil organic matter (Frouz et al., 2009), and microbial communities. 
Some bioretention systems contain saturated or submerged zones, designed to create anaerobic 
conditions for denitrification (Zhang et al., 2011; Zinger et al., 2013), but may also help prevent 
microbial breakdown of organic matter. 
Quantifying carbon sequestration and storage would necessitate measurements that 
include net carbon fluxes (carbon dioxide and methane), soil and plant carbon density (Davies et 
al., 2011), and biomass turnover rates. This has been done in urban green spaces but not 
specifically in NTS. Nowak et al. (2013) estimated annual carbon sequestration in U.S. urban 
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forests to be 25.6 million tonnes which, at $36 2015 USD per tonne of carbon (U.S. EPA, 2016), 
has a value of over $900 million 2015 USD annually. On smaller scales, green roofs have also 
been shown to sequester 375 g per m2 annually, additionally decreasing carbon emissions due to 
lowered electricity usage for cooling (Getter et al., 2009). Researchers at the University of 
California, San Diego, are currently working on evaluating net greenhouse gas fluxes over 
different urban landscapes, including NTS, that can potentially be associated with an economic 
value.  
 
Micro-climate regulation 
In addition to physically storing carbon, increased green space can reduce air and surface 
temperatures, reducing electricity use and emission of greenhouse gases (Shashua-Bar et al., 
2009). The urban heat island effect occurs due to increased air temperature in urban settings, 
relative to undeveloped areas, as a result of replacing vegetation with pavement (Oke, 1983; 
Arnfield, 2003). Pavements, such as asphalt and cement, have lower surface albedo than natural 
vegetation and therefore absorb more heat. Evapotranspiration also contributes to plant 
regulation of micro-climates by increasing the amount of water in the air for a cooling effect. 
Additionally, vegetation can provide shade. Even small green spaces (e.g. neighborhood parks) 
can have a significant impact on micro-climate (Oliveira et al., 2011). Factors that affect micro-
climate regulating ecosystem services include UV intensity, wind, and size of the green space.  
  The value of micro-climate regulation by urban green space can, in many instances, be 
calculated using avoided costs methods. For example, if a green space makes an area cooler, 
people may not run their air conditioning as long or intensively. The energy savings produced 
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could be used to assign an economic value to the micro-climate regulating services provided by 
the green space.  
 
Pollination 
Animal-mediated pollination is an important ecological process that supports many 
benefits (Morse & Calderone, 2003; Adler et al., 2001). For example, bee pollination can 
increase agricultural crop quantity, food quality, and market value (Klatt et al., 2014). However, 
bee populations have been declining due to pollution, higher pathogen prevalence, and lower 
genetic diversity (Potts et al., 2010; Cameron et al., 2011; Whitehorn et al., 2012). Additionally, 
development and urbanization cause habitat fragmentation which can lead to changes in species 
and functional diversity (Haddad et al., 2015). NTS can provide patches of habitat and refuge for 
animals within urban areas. Pollinators, such as bees and birds, can connect these habitat patches 
as they move along plants to feed and collect pollen (Figure 5.5). Increased suitable habitat and 
connectivity may facilitate the recovery of pollinator populations and create more resilient 
communities that can recover from disturbances, e.g. disease or long periods of intense drought 
(Kremen et al., 2007). Habitat patches have been shown to maintain distinct bee communities 
that, in aggregate, retain a significant amount of local species diversity (Hung et al., 2018). 
The value of pollination services is typically associated with increases in agricultural 
productivity (e.g. Winfree et al., 2011; Giannini et al., 2015; IPBES, 2016), but has also been 
evaluated in urban settings. Breeze et al. (2015) estimated WTP for non-market pollination 
services in the United Kingdom using a discrete choice experiment. Their estimates suggest 
taxpayers are willing to pay 13.4£ annually per person to maintain these benefits. Visual 
indicators for potential pollination services include the presence of animal-pollinators (e.g. bees, 
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birds) as well as flowering plants. Quantification of this service requires data on the frequency of 
animal-to-flower visits as well as connectivity among NTS and other areas. 
 
Other co-benefits 
The following co-benefits have been separated from other ecosystem services because 
their provision does not require any ecological processes. However, biodiversity and ecological 
processes associated with NTS can enhance these co-benefits. 
 
Recreation 
NTS can have built-in, public spaces that human communities can utilize. Walking trails, 
bike lanes, benches, and wildlife viewing sites can provide recreational services (Figure 5.6). 
Urban green spaces have been linked to improvements in physical and mental health (Tzoulas et 
al., 2007; Lee & Maheswaran, 2011; James et al., 2016; Houlden et al., 2018). They have also 
been linked to more active and healthy lifestyles overall (Coombes et al., 2010; Veitch et al., 
2012). In Los Angeles County, which has the third highest population density in California (U.S. 
Census Bureau, 2010), these types of spaces can be important in the midst of a densely-
populated and highly-urban area. The travel cost method is most often used to calculate the value 
of recreational services, but it may not be appropriate for hyper-local neighborhood amenities 
because of little-to-no cost associated with access (More et al., 1988). Contingent valuation and 
hedonic pricing have also been employed (Brander & Koetse, 2011). The latter alludes to an 
equity question regarding who is paying for these spaces and who is benefitting from them. In 
Porto, Portugal, Graça et al. (2018) found that lower socioeconomic areas have the most green 
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space but they are unlikely to be developed in ways that provide services to the community. This 
suggests that recreational services provided by green spaces can be a luxury. 
 
Education and outreach 
NTS present an opportunity for education and public outreach regarding stormwater 
issues, pollution, watershed and urban ecology, urban planning and management, and climate 
change. For example, Ocean View Growing Grounds (OVGG) is a community garden within a 
food desert (defined as an area that lacks access to fresh produce and whole foods, often in low 
socioeconomic areas) in inland San Diego. OVGG incorporates bioswales into its landscape, 
meant to prevent crops from flooding. UC San Diego researchers have partnered with 
community leaders to host outreach events about hydrology, soil, and urban ecology. Greater 
understanding and awareness of NTS and the services they provide may lead to safer gardening 
practices and more efficient water use. In Los Angeles, many of the sites have educational 
information posted about the project, their goals, and their motivations (Figure 5.7). As part of 
the Elmer Avenue Green Street project, local residents participated in the planning and design 
processes, actively engaging in stormwater issues and how to address them. Scientific research 
on stormwater issues have proven useful, especially in developing countries where water quality 
is often a main concern but resources and infrastructure for large treatment plants are lacking 
(Barbosa et al., 2012). 
 
Aesthetic value and other non-use values  
Aesthetic value has been attributed to urban green spaces, which can increase 
surrounding property value (Chen et al., 2008; Wolch et al., 2014). NTS may provide similar 
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services to enhance visual, auditory, and olfactory environmental features. Green roofs and walls 
can dampen road traffic noise by up to 7.5 dBA (Van Renterghem et al., 2013). Urban green 
spaces provide habitat for “natural” sounds (e.g. birds) which are preferred over traffic noises 
(Irvine et al., 2009). Exposure to green spaces have also been associated with better cognitive 
development (Berman et al., 2008; Dadvand et al., 2015) and recovery from stressful life events 
(van den Berg et al., 2010). 
 
Disservices and unanticipated costs 
NTS can introduce undesired services, such as installation of unattractive elements, 
accumulation of pollutants, and proliferation of disease vectors. The aesthetics of NTS may not 
be favorable to all people, especially when they are not regularly maintained. Southern 
California receives very little precipitation which can be fatal for plants that are not drought-
resistant. Additionally, plant communities in NTS by the ocean have an added stressor of salt 
(Puijenbroeck et al., 2017). This may highlight the need for use of native vegetation in NTS in 
order to facilitate their survival. Whether or not they are also the most aesthetically-pleasing is 
subjective. Regular maintenance can, not only help plant survival, but also prevent build-up of 
debris and pollutants, which NTS are designed to intercept. Debris degrades aesthetic value but 
other pollutants can cause environmental damage. Heavy metals can leach into surrounding soil 
and groundwater (Hatt et al., 2009). Ponding areas, that allow microbial communities to remove 
contaminants, can also provide habitat for mosquitoes which pose health hazards in the form of 
infectious diseases and allergies. For example, two Los Angeles NTS sites had advisories about 
West Nile virus and its carriers. Vegetation and soil media can also provide habitat for urban 
pests, such as rodents and ticks (Hansford et al., 2017).  
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Increases in urban green space have been linked to decreases in violent crime (Kuo & 
Sullivan, 2001; Bogar & Beyer, 2016), but may also provide spaces in which crime can happen, 
e.g. assault or vandalism. Several accounts of assault were cited in the South Los Angeles 
Wetland Park (http://abc7.com/news/arrest-made-in-connection-to-sex-assault-attempts-in-south-
la-park/1297020/). Almost all of these issues can be avoided at some cost whether it is increased 
maintenance, more frequent monitoring, or a greater police presence. The main warning here is 
not that these costs are usually prohibitively expensive, but that they need to be considered when 
planning. 
In summary, NTS that rely on natural structures and functions, e.g. bioretention systems 
and treatment wetlands, provide built ecosystems that can support a host of targeted and non-
targeted benefits (Figure 5.8). While there are few data on the quantification of these benefits in 
NTS specifically, we can draw on examples from relevant systems to get an idea of how these 
processes may work and on what scale. There also exist many economic valuation techniques 
that can be employed to assign a value to these ecosystem services for incorporation into urban 
design and management. Cost is a component of NTS in which urban planners are likely 
interested. Total costs consist of planning and design, permitting, raw materials, installation, 
maintenance, and monitoring. Most NTS are implemented in order to meet water quality 
regulations and, although expensive, they may be cheaper than alternative approaches. 
Additionally, continued use of NTS may be a sign that their co-benefits can be significant. Long-
term monitoring is necessary in order to assess whether the benefits discussed in here truly exist. 
 
Potential quantitative models to assess ecosystem services in natural stormwater treatment 
systems 
148 
There are two distinct objectives that need to be addressed in order to assess ecosystem 
services associated with NTS: the first is to determine the quantity or rate at which the ecosystem 
service is provided (i.e. biophysical value), and the second is to determine the economic value of 
that quantity or rate. Targeted water services have been well-documented in laboratory settings 
but in situ, mesocosm studies are much fewer. Similarly, although non-targeted ecosystem 
services are acknowledged (e.g. Bolund & Hunhammar, 1999; U.S. EPA, 2012a, 2012b), 
quantitative field studies are only just beginning to emerge. Researchers from the University of 
California (Santa Barbara, Los Angeles, Riverside, Irvine, and San Diego campuses) are 
currently working on an interdisciplinary project that assesses the form and function of urban 
stormwater infrastructure in southern California, including potential ecosystem services 
(https://www.universityofcalifornia.edu/press-room/multicampus-research-programs-and-
initiatives-awards-17m-grants-uc-faculty). 
In the following section, we discuss three potential models for ecosystem services 
assessment in NTS: benefit transfer approaches, stochastic frontier analysis, and data 
envelopment analysis. Benefit transfer approaches can be used to assign physical and economic 
values to ecosystem services for cost-benefit analysis. The latter two approaches, represented by 
production frontier models, can assess how efficiently an NTS is providing ecosystem services 
which may be a useful assessment tool for environmental decision-makers. Although there are 
few data currently, these models can be used as a starting point and improved upon as more data 
become available. 
 
Benefit transfer approaches 
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Meta-analyses provide a database on which a regression model can be built, determining 
the relationship between a dependent variable (e.g. the economic value of ecosystem services 
associated with NTS) and multiple explanatory variables. Meta-analyses are a method of 
synthesizing results from multiple studies on similar topics (Glass, 1976). They are often utilized 
when many studies exist and interpretation of their results is difficult, and so synthesis of results 
can be a helpful tool (e.g. Brander et al., 2007). Meta-analyses can also be useful in contrasting 
situations in which very few studies exist for the target system but fall within the range of 
systems that have been studied. For example, a keyword search of “urban carbon” (e.g. to 
evaluate the value of climate regulation associated with NTS) in the Environmental Valuation 
Reference Inventory yields 76 records but only 6 studies are specific to urban green space 
(Appendix 5B). 
Regression models can then be built upon the information collected during meta-
analyses. In the example case of ecosystem services associated with NTS, three categories of 
independent variables may be relevant: the biophysical and the socio-economic characteristics of 
the study site, and the study characteristics. Examples of potential explanatory variables include 
study site size, geographic location, scale of the study (e.g. local, regional, national, global), 
gross domestic product per capita, valuation method, and sample size. 
Benefit transfer approaches use regression models to provide an estimate of the 
dependent variable (i.e. the value of an ecosystem service). In addition to benefit transfer based 
on a function estimated from a meta-analysis, a unit value or a function estimated from one study 
can also be used. However, the meta-analysis approach described here is preferable because it 
can account for differences between the policy and study sites. The “policy site” is the site of 
interest and “study sites” are those from which values have been transferred. The best benefit 
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transfer estimate will be that between policy and study sites that are identical in terms of 
biophysical and socio-economic characteristics. However, there are generally discrepancies 
among commodities, currencies, user attributes, wealth measures, and cultural differences 
between policy and study sites that can lead to errors (Johnston & Rosenberger, 2010). Although 
primary studies are ideal, they are not always feasible, given the high cost of resources and time. 
It is useful for government agencies to sponsor studies across NTS that provide different 
quantities of ecosystem services and try to value that output in a way that is likely to be more 
accurate for a local context. 
 
Cost-benefit analysis 
Cost-benefit analysis, a widely-used tool for decision-making, compares the economic 
costs and benefits of one or more decisions (Pearce et al., 2006). If the costs outweigh the 
benefits, then rational actors do not partake in the action, and vice-versa. However, there are 
additional factors that make decisions more complicated, such as the long- versus short-term, 
discounting, and positive and negative externalities. Cost-benefit analysis is often used in 
environmental decision-making but ecosystem services are often only included qualitatively 
because quantitative data do not exist (Daily et al., 2009). The use of benefit transfer approaches 
can help this process by taking a first-step towards economic valuation of ecosystem services. 
 
Stochastic frontier analysis & data envelopment analysis  
Stochastic frontier analysis (SFA) and data envelopment analysis (DEA) are economic 
modelling techniques that create a “best practice frontier” as a benchmark of efficiency (Charnes 
et al., 1978; Aigner, Lovell, & Schmidt, 1997). This benchmark is created using input and output 
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data from several sources (e.g. firms, projects, NTS), and creating one scenario (normalized to be 
the best practice frontier) against which efficiency for other scenarios can be compared and 
evaluated.  
SFA takes the following generic form:  
(Equation 5.1) 𝑦L = 𝑓(𝑥NL, 𝑥PL, . . . 𝑥FL, 𝑈L, 𝑉L) 
where 𝑦 is the output (one ecosystem service or a bundle of weighted ecosystem services) of 
producer 𝑗; 𝑥FL are NTS characteristics (e.g. location, size, biological community); and two 
independent error terms where	𝑈 is technical inefficiency, a half-sided error term that accounts 
for deviations from the best-practice production frontier (determined by the most efficient 
producers), and	𝑉 is a stochastic error term.  
The SFA approach is a parametric economic modelling technique that allows for random 
shocks, or unpredicted events, within the model. The stochastic error term may make it suitable 
for urban systems that are subject to environmental variation, e.g. drought, precipitation events. 
SFA requires a priori assumptions regarding the production function form, i.e. the mathematical 
relationship between inputs and outputs (e.g. Cobb-Douglas, Leontief), and the distribution of 
the unobserved technical inefficiency terms, which can substantially influence results. A 
considerable econometric literature has been developed to help determine the adequacy of the 
statistical fit of a particular model. The SFA approach provides a natural measure of how 
inefficient a particular NTS is at providing an ecosystem service relative to other NTS 
configurations. 
DEA is a nonparametric approach that does not allow for random shocks but it does not 
require prior knowledge of the production function form, which makes it useful for NTS-
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associated ecosystem services. DEA combines inputs and outputs into one efficiency score that 
can be easily compared, but it requires an additional regression model to identify the impacts of 
independent variables. Both DEA and SFA are capable of handling multiple outputs but in SFA, 
they must be collapsed into one basket of outputs (i.e. ecosystem services) whose weights can 
have a significant impact on results. One way to weight outputs is by their economic values. 
However, economic values for most ecosystem services associated with NTS have not been 
assigned, i.e. why benefit transfer approaches may be helpful. The lack of standardized 
monitoring data may make a nonparametric DEA approach more feasible at this time, in addition 
to the SFA requirement to specify a production function form. DEA also better handles multiple 
outputs relative to SFA and undesirable outputs, such as negative externalities (i.e. disservices) 
(Chambers et al., 1998). 
Benefit transfer approaches, SFA, and DEA yield results that can evaluate how well an 
NTS site is performing and how to improve their functioning, but have associated advantages 
and disadvantages (Table 5.2). Benefit transfer approaches can provide an estimate for 
ecosystem services value, which can be used in cost-benefit analyses to determine net changes to 
well-being. In addition, benefit transfer can identify drivers of change through the application of 
regression models. Regardless of net costs or benefits, there exists a maximum level of 
ecosystem services provision that can be provided with given inputs. SFA and DEA can help 
determine whether systems are performing at this maximum level and where improvements can 
be made. Both methods apply somewhat similar regression models to benefit transfer 
approaches, yielding quantitative relationships among variables. Other options include a fixed 
effects model to estimate the best-practice frontier (Schmidt and Sickles, 1984), and the multi-
153 
product distance function which allows for a stochastic error term and multiple outputs including 
negative externalities (Morrison Paul et al., 2000).  
In prioritizing ecosystem services, geographic location can dictate physical and social 
factors that can influence their value. For example, water issues have long been important in 
southern California and they are predicted to become more contentious due to climate change. 
Further, new policies in California put an emphasis on climate-regulating services. The region is 
also a biodiversity hotspot at risk of alteration (Calsbeek et al., 2003; Loarie et al., 2008). 
Urbanization has reduced the amount of suitable habitat for organisms as natural ecosystems are 
replaced by human structures. Urban green spaces such as NTS can be important patches of 
habitat and act as corridors for organisms seeking refuge (Christie & Knowles, 2015).  
One of the biggest challenges in characterizing and valuing ecosystem services associated 
with NTS is the lack of accessible data. There is no standard monitoring program for NTS, which 
makes it difficult to compare across time and across sites, and there is no monitoring of 
ecosystem services associated with NTS. Monitoring could help identify effective management 
strategies, e.g. timing of maintenance, and improve the above quantitative models for more 
accurate estimates of value and efficiency. In situ, mesocosm studies are also needed to evaluate 
NTS performance under actual environmental conditions (e.g. Payne et al., 2014). Other 
questions that still need to be addressed include how networks of NTS compare to single systems 
regarding both targeted and non-targeted ecosystem services, and how NTS operate over time.  
 
Conclusions 
NTS can provide a myriad of ecosystem services that range from targeted water services 
to ecological and regulating services that stem from the biological communities they host. NTS 
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in Los Angeles County, which are becoming more widespread, exhibit the many ecosystem 
services that can be considered in designing these systems. Lack of standardized monitoring data 
and programs makes it difficult to assess whether these systems are generating services they are 
built to provide as well as the potential co-benefits we have identified. As more holistic 
assessments and monitoring programs are developed that incorporate indicators of both targeted 
and non-targeted ecosystem services, management of NTS can more effectively optimize their 
performance and identify areas for improvement. Improved assessment of NTS is becoming 
increasingly important to urban planning and sustainable development as their use expands. 
Better understanding the co-benefits NTS provide could also garner support within local 
governing bodies and the public. In places like southern California, where water issues are in 
sharp focus in policy debates, effective management of stormwater runoff can reduce flooding 
and improve water supply. Consideration of non-targeted ecosystem services by NTS can 
provide one tool for urban planners and developers to make better decisions in the public 
interest.  
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Tables  
Table 5.1. Categories and brief descriptions of natural stormwater treatment systems, adapted 
from definitions found in Low Impact Development Center (2010) and Long Beach 
Development Services (2013). 
Natural Stormwater 
Treatment System Category Description 
Bioretention systems Vegetated cells that capture runoff to reduce volume 
and remove contaminants, can be lined or unlined 
Infiltration systems Basins or trenches designed to collect and pond excess 
runoff temporarily before infiltration into the soil 
Permeable pavements Pervious surfaces on top of infiltration layers or 
storage cells 
Dry ponds & wells Underground storage cells used to capture and 
infiltrate runoff 
Treatment wetlands Engineered wetlands designed to capture and treat 
runoff 
 
  
156 
Table 5.2. Advantages and disadvantages of benefit transfer approaches, stochastic frontier 
analysis, and data envelopment analysis for assessing the value of ecosystem services in natural 
stormwater treatment systems. Adapted from Chen et al. (2015). 
 Benefit transfer 
approaches 
Stochastic frontier 
analysis 
Data envelopment 
analysis 
Assumptions 
 
 
Policy site is 
equitable to study 
site 
A priori production 
function  
Deterministic 
approach 
Error 
 
 
Due to differences in 
site characteristics 
Incorporated as 
stochastic variable 
Cannot be separated 
from inefficiency 
Multiple outputs  
 
 
Single ecosystem 
service 
Weighted basket of 
ecosystem services 
Allows for multiple 
ecosystem services 
Relationship to 
independent 
variables 
Relationship built 
into regression 
model 
Relationship built 
into regression 
model 
Need additional 
regression model 
Interpretation of 
results  
 
Associated value and 
drivers  
Benchmark for 
efficiency 
Benchmark for 
efficiency 
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Figures 
 
Figure 5.1. Location of natural stormwater treatment systems in Los Angeles County. Blue 
indicates sites visited in 2015. Purple indicates sites visited in 2016. View the interactive map 
here: https://goo.gl/76sswN 
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Figure 5.2. Diagram of a bioretention system with vertical layers. 
 
 
Figure 5.3. Examples of Los Angeles systems designed to remove debris and contaminants from 
runoff: (a) StormTreat™ bioretention system at the bottom of Westminster dog park, (b) 
Filterra™ bioretention system on Grand Boulevard, and (c) a grate to prevent large debris from 
entering the stormwater system. 
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Figure 5.4. Examples of biodiversity that can support ecosystem services in Los Angeles natural 
stormwater treatment systems: (a) plant diversity at the South Los Angeles Wetland Park, (b) 
Bicknell manzanita tree as a bee attractant, and (c) signage illustrating the biodiversity of the 
Ballona Freshwater Marsh. 
 
 
Figure 5.5. Flowering plants that could provide pollination services observed in bioretention 
systems at: (a) Elmer Avenue, (b) Bicknell Avenue, (c) Grand Boulevard, and (d) Los Angeles 
Zoo. 
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Figure 5.6. Visual indicators of recreation at Los Angeles natural stormwater treatment systems: 
(a) walking trail on Elmer Avenue Paseo, and (b-c) signage and drinking fountains at South Los 
Angeles Wetlands Park. 
 
  
Figure 5.7. Examples of education and outreach services provided by natural stormwater 
treatment systems: (a) South Los Angeles Wetlands Park, (b) Ballona Freshwater Marsh, (c) 
Avalon Green Alley, and (d) Bicknell Avenue. 
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Figure 5.8. Diagram of targeted and non-targeted ecosystem services associated with natural 
stormwater treatment systems (a bioretention system pictured here) and methods used to assign a 
value to them. 
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Appendices 
Appendix 5A. Summary of stormwater metal contaminants, their anthropogenic sources, and 
effects on environmental and human health. 
Metal Sources Ecological Effects 
Human Health 
Effects 
Measured 
Range* [MCL]** 
Aluminum Industrial 
processing, coal 
combustion 
(Makepeace et al., 
1995) 
Toxic to animals Nervous system, 
bone disease 
(ATSDR, 2007a); 
neurotoxicity 
(Bondy, 2010) 
0.1-5540 μg/L 
[50 μg/L] 
Arsenic Pesticides, 
fungicides, 
preservatives, rat 
poison (Baby et al., 
2010) 
Toxic to animals, 
inhibition of root 
growth, plant 
sterility (Meharg & 
Hartley-Whitaker, 
2002) 
Toxic to animals, 
inhibition of root 
growth, plant 
sterility (Meharg & 
Hartley-Whitaker, 
2002) 
0.01-11.9 μg/L 
[0 μg/L] 
Cadmium Fertilizer, fossil-fuel 
combustion, sewage 
sludge, mining and 
industrial processing 
(Pan et al., 2010) 
Alters plant cellular 
processes (Moreno et 
al., 1999), reduced 
soil microbe 
population 
Endocrine disruptor, 
carcinogenic 
(Bernard, 2008) 
0.03-2.78 μg/L 
[5 μg/L] 
Chromium Metal corrosion, 
dyes and paints, 
pesticides, fertilizer 
(Makepeace et al., 
1995) 
Decreases plant 
reproduction & 
growth (Shanker et 
al., 2005) 
Carcinogenic 
(ASTDR, 2007b) 
0.01-20 μg/L 
[10 μg/L] 
(SWRCB) 
Copper Automobiles, 
building corrosion 
(Makepeace et al., 
1995) 
Inhibits plant growth 
and development 
(Yruela, 2005) 
Brain and kidney 
damage (Wuana & 
Okieimen, 2011) 
1.2-50 μg/L 
(Drake et al. 
2014) 
[1000 μg/L] 
Lead Leaded gasoline Decreases plant 
reproduction (Ghani 
et al., 2010) 
Impaired 
development (Wuana 
& Okieimen, 2011) 
0.8-18 μg/L 
(Drake et al. 
2014) 
[0 μg/L] 
Nickel Engines, alloy 
manufacturing, food 
production 
(Makepeace et al., 
1995) 
Inhibits plant growth 
and development 
(Chen et al., 2009) 
Carcinogenic 
(Cempel & Nikel, 
2006) 
5-30.50 μg/L 
[100 μg/L] 
(SWRCB) 
Zinc Tires, metal 
corrosion 
(Makepeace et al., 
1995); roofing 
(Brown & Peake, 
2006) 
Inhibits plant 
metabolic function 
(Fontes & Cox, 
1998) 
Dizziness, fatigue 
(Duruibe et al., 
2007) 
0.01-652 μg/L 
[5000 μg/L] 
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*Concentration ranges as reported by U.S. Geological Survey unless otherwise stated. 
**Maximum contaminant loads (MCL) are goals set by the federal or state government (EPA or 
State Water Resources Control Board (SWRCB), respectively) derived from health-based criteria 
and welfare considerations. EPA MCL is reported unless otherwise stated. 
 
Appendix 5B. Published studies and reports related to the valuation of ecosystem services 
described in this paper in urban and human-made systems. 
https://docs.google.com/spreadsheets/d/1ASnn_8SSlE8Vga7WpaTMGfgCbVQDllqgnSvfnWmt
vK0/edit?usp=sharing 
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Chapter 6: Carbon efficiency of managed urban landscapes in southern California 
 
Jennifer T. Le, Andrew S. Mehring, Jennifer Gonzalez, Sunyoung Park, Jessica Kurylo, Lisa A. 
Levin 
 
Abstract 
Climate-regulating services are of growing interest as greenhouse gas concentrations 
continue to increase in the atmosphere; urban areas contribute sixty percent of this increase. 
Here, we investigated ecosystem services related to climate by examining carbon dioxide and 
methane uptake and emissions within bioretention systems (biofilters and bioswales in this 
study) in relation to other urban landscapes (grass lawns, horticultural gardens, and natural 
coastal sage scrub) in San Diego, California. We found net emissions of greenhouse gasses in all 
sampled urban landscapes; none functioned as urban sinks of atmospheric carbon. We used data 
envelopment analysis to reveal bioretention systems and natural coastal sage scrub as more 
carbon efficient, i.e. emit less carbon given environmental conditions, than grass lawns and 
horticultural gardens. This operations research approach also identified likely drivers of 
efficiency among soil characteristics (i.e. soil moisture, total carbon, and total nitrogen) for each 
sampling site. Based on our results, we provide urban planning and management suggestions to 
reduce urban carbon emissions, including the use of native vegetation which can provide both 
carbon and water gains. Understanding urban climate-regulating services, such as those related to 
carbon, is necessary for holistic decision-making to ensure a sustainable future faced with 
climate change. 
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Introduction  
Although ecosystem services are benefits associated with natural processes (MEA, 2005), 
they can also be provided by human-made systems (Chapter 5). In the urban environment, green 
spaces contribute to a host of cultural, provisioning, and regulating services. For example, nature 
spaces and parks provide recreation areas and educational opportunities (Andersson et al., 2014). 
Gardens have the potential to produce fruits, vegetables, and herbs. Perhaps most important are 
urban regulating services, such as stormwater infiltration (Hatt et al., 2009), air and water 
pollutant removal (Jim & Chen, 2008; Payne et al., 2014), micro-climate regulation (Wang et al., 
2017a), and carbon sequestration and storage. 
Climate regulation, including carbon sequestration and storage, is an increasingly 
important ecosystem service in the face of anthropogenic climate change (Franklin et al., 2016). 
Carbon dioxide is the largest contributor to atmospheric greenhouse gas emissions, increasing by 
40% since pre-industrialization (IPCC, 2014). Methane is another potent greenhouse gas which 
has increased by 150% due to fossil fuel burning and increased wetland emissions due to 
anthropogenic radiative forcing (IPCC, 2014; Bousquet et al., 2006). In addition to burning fossil 
fuels, land-use changes are another important source of atmospheric carbon emissions (Arneth et 
al., 2017). Terrestrial primary production and respiration are an integral part of the global carbon 
cycle. As plants photosynthesize, they fix atmospheric carbon into organic carbon that can be 
stored as biomass. However, development and urbanization have replaced native vegetation with 
cement, asphalt, and managed landscapes, decreasing the terrestrial biome’s capacity to capture 
and store carbon (Delphin et al., 2016). Urbanization has also introduced new carbon pools in 
buildings, landfills, and urban vegetation (Churkina et al., 2016).  
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Carbon sequestration and storage have been measured in urban areas. Urban lawns in 
southern California are estimated to sequester an average of 0.14 kg C m−2 yr−1 and store 1.2 kg 
C m−2 in the top 20 cm of soil, which is not enough to offset emissions that are associated with 
their maintenance (Townsend-Small & Czimczik, 2010). Nowak et al. (2013) estimated carbon 
sequestration and storage in U.S. urban trees to be 0.205 kg C m−2 yr−1 and 7.69 kg C m−2, 
respectively. In China, urban green infrastructure (e.g. parks, gardens, green roofs, forests, and 
wilderness areas) is estimated to sequester 0.216 kg C m−2 yr−1 and store 18.7 million tons C 
nationally (Chen, 2015). Although there is some evidence that urban vegetation can enhance 
carbon sequestration, vegetation characteristics and soil respiration can affect whether they are 
net carbon sinks or sources (Cameron et al., 2012; Velazquez et al., 2016). Turf grass, which has 
high aesthetic value, was found to be a net source of carbon dioxide in Russia (Shchepeleva et 
al., 2017). According to the United Nations, urban areas produce 60% of global greenhouse gas 
emissions (UN Habitat, 2014). As a result, urban planners and managers are coming up with 
innovative ways to reduce emissions and to seek sequestration options (van Doren et al., 2018; 
Wu et al., 2018).  
An increasingly popular urban land use is biorentention (i.e. biofilters and bioswales), 
often employed as green infrastructure strategies for managing stormwater runoff. They provide 
a host of stormwater regulating services, such as slowing runoff flow, reducing runoff volume, 
and removing contaminants from runoff (Hatt et al., 2009; Payne et al., 2014), which are 
common urban water issues. Bioretention systems are becoming more widespread in urban areas 
that experience periodic water issues (Ambrose & Winfrey, 2015). Southern California is prone 
to droughts, which are predicted to increase in frequency and magnitude due to climate change 
(Diffenbaugh et al., 2015), and flooding during storm events. The majority of its human 
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population is concentrated near the coast where runoff has a more direct route to the ocean and 
potential for pollutants to degrade coastal environmental quality. The federal government passed 
the Clean Water Act in 1972, in part, to address stormwater runoff issues. In San Diego, the 
Regional Water Quality Control Board employs National Pollutant Discharge Elimination 
System permits for Multiple Separate Storm Sewer Systems (MS4) to comply with the rules and 
requirements of the Clean Water Act (Order No. R9-2013-0001; Aguirre, 2015). Biofilters can 
be an integral component of MS4 compliance and are growing in popularity due to their multiple 
potential benefits to the urban landscape.  
Bioretention systems also have the potential to contribute to climate regulation due to 
their utilization of vegetation and soil media. However, whether biofilters and bioswales are net 
carbon sinks or sources is still uncertain. Unlike urban green spaces such as grass lawns or 
horticultural gardens, biofilters and bioswales receive water mainly from storm events rather 
than regular irrigation. Soil moisture and temperature have been shown to be positively 
correlated with soil respiration (Smith et al., 2003). Additionally, increasing soil moisture can 
inhibit aeration to create anoxic conditions and thus methane release. Pruning and mowing of 
maintained landscapes releases plant biomass for microbial breakdown and release of carbon 
dioxide. Because biofilters and bioswales do not often receive the same maintenance as other 
managed land uses, they may be better candidates for urban carbon capture and storage. 
Here, we adopt a data envelopment analysis (DEA) approach. DEA is an operations 
research approach that creates “best-practice frontiers” (Charnes et al., 1978; Aigner, Lovell, & 
Schmidt, 1977). DEA is often used to inform decisions regarding banking, health care, 
agriculture, transportation, and education (Liu et al., 2013). Efficiency is defined as the 
maximum ratio of the sum of weighted outputs to the sum of weighted inputs. In the context of 
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this study, efficiency translates into how effectively environmental variables, such as soil 
characteristics, are converted into carbon uptake. From a management perspective, it is important 
to assess if biofilters are under- or outperforming other urban green spaces with respect to carbon 
services in order to develop holistic rules, regulations, and policies regarding urban stormwater 
runoff. Additionally, urban green spaces provide a unique opportunity to manipulate ecosystem 
services and promote innovative design options because they can be designed to meet specified 
criteria. This is also why we consider both outputs and inputs because, in places like southern 
California that experience periodic drought, it may not be practical or beneficial to increase 
bioretention irrigation in order to capture more carbon. 
This paper represents the first step towards quantifying carbon services provided by 
biofilters at the University of California San Diego (UCSD). The paper objectives are (1) to 
determine if there is net uptake or emission of atmospheric carbon by biofilters, (2) to compare 
biofilters to other urban greenspaces (grass lawns, horticultural gardens, and natural coastal sage 
scrub) with respect to “carbon efficiency”, and (3) to consider design tradeoffs that may enhance 
carbon services. We hypothesize that biofilters will be an intermediate performer with respect to 
carbon fluxes between natural sites, and managed lawns and gardens. Lawns and gardens receive 
regular irrigation and maintenance, whereas natural sites do not. A biofilter represents the 
intermediate that receives periodic irrigation and maintenance.  
 
Methods 
Location 
UCSD is located in La Jolla, California, USA, characterized by a Mediterranean climate 
with warm, dry summers and cool, moist winters. Average annual rainfall is approximately 10.4 
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inches, falling mostly between December and March (U.S. Climate Data, 2019). Sampling 
locations were on and adjacent to UCSD (from north to south): Sanford Consortium for 
Regenerative Medicine and Salk Institute for Biological Studies (SCSI), the Structural & 
Materials Engineering building (SME), the Altman Clinical & Translational Research Institute 
(ACTRI), Osler Lane, and Scripps Institution of Oceanography (SIO) (Figure 6.1). These 
locations were chosen based on presence of all land uses in close geographical proximity to each 
other in order to minimize environmental variation. The farthest distance between land uses 
within a sampling location is approximately 470 m between the SME garden and natural sites. 
 
Land uses 
Four land uses were included in this study: stormwater biofilters, grass lawns, 
horticultural gardens, and natural coastal sage scrub (Figure 6.2). The biofilters are irrigated, 
periodically pruned, and vary in their size, vegetation, and placement (parking lots [SCSI, Osler], 
adjacent to buildings [SME, ACTRI], or other [SIO]). Lawns and gardens are regularly irrigated 
and maintained (i.e. mowing, pruning, weed removal, replanting). Within the lawns, Pennisetum 
clandestinum (kikuyu) and Cynodon dactylon (Bermuda) were the most common and dominant 
grass species (Kurylo, unpublished). Gardens ranged in structure and composition, from areas 
with ornamental species to native vegetation. Natural sites were considered to be representative 
of coastal sage scrub vegetation, and receive no regular management or maintenance. For this 
study, “site” refers to one land use at one location, e.g. SIO biofilter, ACTRI garden. 
 
Carbon dioxide and methane measurements 
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At each site, two 50 cm-by-50 cm aluminum base frames were inserted flush into the 
ground to create a seal (Figure 6.3A). A hatchet was used to make slots into the soil to minimize 
disturbance during base installation. Installed bases were allowed to rest for at least one week 
before gas measurements were taken. In our study, treatment will refer to vegetation: one base 
enclosed vegetation characteristic of the site (or land use) and one base enclosed a relatively 
unvegetated space. However, not all unvegetated bases remained so over the course of our study. 
Routine watering and pruning continued as scheduled. 
Gas measurements were taken in August 2018 (summer) and March 2019 (winter). A 50 
cm-tall chamber was mounted onto the base to create a closed cell that did not allow gas 
exchange and minimized solar radiation shading. We used a Los Gatos Research Ultraportable 
Greenhouse Gas Analyzer to measure concentrations of carbon dioxide, methane, and water 
vapor (used as a correction factor). Measurements were taken between 10AM and 2PM (local 
time) on sunny, clear days to capture plant activity during time periods that receive the most 
solar radiation. Shade cloths (up to five, including a blackout cover) were used to manipulate 
light levels. Sixty to ninety-second incubation measurements were taken at each base per light 
level. One blackout measurement was taken at the beginning and end. The incubation times were 
chosen to be long enough to observe changes in carbon fluxes, but brief in order to minimize 
increases in air temperature and carbon dioxide limitation. A Li-Cor LI-190R photosynthetically-
active radiation (PAR) sensor, two Stevens Hydra-Probe II soil moisture and temperature probes, 
and an Onset HOBO air temperature and relative humidity logger were also used during gas 
measurements to collect concurrent associated data (Figure 6.3B, 3C). 
 
Soil sampling 
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In April 2019 after winter GHG sampling, soil samples were taken either directly 
adjacent to or as close as possible to each base. 238 samples were taken to a depth of 15 cm: 118 
for determination of soil organic matter (SOM) and 120 for total carbon and total nitrogen. 
Samples were vertically fractioned from 0-5 cm (shallow) and 5-10 cm (deep) for SOM analysis, 
and from 0-1 cm (shallow) and 9-10 cm (deep) for carbon and nitrogen analysis. Roots, 
organisms, and other debris were removed following collection. All soils were oven-dried at 
60°C for at least 72 hours until completely dry. Loss-on-ignition (LOI) was used to determine 
SOM (Ball, 1964; Heiri et al., 2001). We used 5 g samples that were combusted at 550°C for 4 
hours. Carbon and nitrogen samples, homogenized and weighing between 0.05-0.10 g, were 
analyzed on a Costech elemental analyzer (Washington State University). 
 
Plant sampling 
Plants contribute to measured carbon dioxide fluxes through uptake during 
photosynthesis and emission during respiration. Both of these processes are dependent on 
biomass, which influences resource acquisition for growth and reproduction (Evans, 2013), thus 
necessitating a measure of aboveground biomass. Each plant species within the bases was 
identified to the highest taxonomic resolution possible. Six to nine individuals of the same 
species were measured for morphological characteristics (Appendix 6A), and then harvested by 
cutting stems as close to the ground as possible. Fallen leaves and stems, if apparent from the 
individual of interest, were also collected. Plants were oven-dried at 60°C for at least 48 hours 
until completely dry and then weighed. For plant species with woody biomass, woody and 
herbaceous biomass were weighed separately. Any bases with less than 5% vegetation cover 
were assigned to have zero biomass. 
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Lawns were assumed to be maintained at the same height year-round, and therefore 
aboveground biomass for a given area would not change appreciably. At lawn sites, a 4.5 cm-
diameter soil core was taken and grass was cut at the soil surface of the core. These clippings 
were then processed the same way as other plants: oven-dried at 60°C for at least 48 hours until 
completely dry and then weighed. Resulting biomass measurements for the core area (15.9 cm2) 
was then used to extrapolate biomass within the entire base (2500 cm2). The exception was the 
SCSI lawn where cores could not be taken due to aesthetic concerns. In order to estimate the 
biomass within SCSI lawn bases, we used the average biomass for each treatment (i.e. vegetated 
or unvegetated) from the other lawn sites. 
 
Data analysis 
All data analysis was done in the base package of R (version 3.5.2.) unless otherwise 
noted. In order to calculate daily carbon dioxide fluxes, we tested several commonly-used 
equations for photosynthesis-irradiance curves (Table 6.1; Jassby & Platt, 1976). The best-fit 
model for each combination of location, land use, vegetation treatment, and season was that with 
the minimal sum of squared error. Using solar radiation data from the San Diego Airport 
(approximately 22 km from our sampling sites; National Solar Radiation Data Base), we then 
estimated the carbon flux for every hour of the day in the given sampling month (e.g. August or 
March-April) in the most recently available year 2010 (Figure 6.4). Daily averages for the month 
were calculated by adding all hours and dividing by the number of days in the month. Methane 
rates were calculated by averaging methane fluxes from each location, land use, vegetation 
treatment, and season combination. They are not dependent on light but instead result from soil 
microbial activity (Laanbroek, 2010). 
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Carbon dioxide and methane fluxes were checked for normality using the Shapiro-Wilk 
test. Data were not able to be transformed, so we used a Kruskal-Wallace test-by-ranks and a 
post hoc Dunn test with a Bonferroni correction (R package ‘dunn.test’) to test for differences in 
gas fluxes among location, land use, vegetation treatment, and season. Associations between gas 
fluxes and soil characteristics were investigated using Spearman’s rank coefficient. These same 
tests were used to analyze differences among soil characteristics and efficiency scores. 
 
Data envelopment analysis  
Here, efficiency is defined as a ratio between weighted outputs and weighted inputs, and 
“carbon efficiency” is efficiency with respect to carbon fluxes (Figure 6.5). In other words, 
efficiency is the rate at which inputs are converted into outputs. Radial outputs are carbon 
dioxide fluxes and methane fluxes (g C day-1 m-2 g biomass-1). Inputs are soil characteristics: 
SOM (shallow and deep, in percent by weight), total carbon (shallow and deep, in percent by 
weight), total nitrogen (shallow and deep, in percent by weight), soil moisture (water fraction by 
volume), and soil temperature (°C). Only fluxes with all associated environmental data were 
used in the analysis. The objective function, in multiplier form, is as follows:  
(Equation 6.1) 𝑚𝑎𝑥U,V	(𝑢NL𝑦NL 	+	𝑢PL𝑦PL) 
Subject to: 
W𝑢NL𝑦NE 	+ 	𝑢PL𝑦PEX	–	Z 𝑣:L𝑥:E\E]N 	≤ 0, 𝑖 = 1,… , 𝐽	𝑎𝑛𝑑	𝑚 = 1,… ,𝑀 
Z 𝑣:L𝑥:L\E]N 	= 	1 𝑢:L, 𝑣:L 	> 	0 
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Where j is each decision-making unit (DMU)  (i.e. each combination of discretionary variables), 
u and v are weights for outputs y and inputs x, respectively, which are indexed by m. For 
example, 𝑣:L is the weight of input 𝑥: of DMU j. Solving Equation 6.1 iteratively provides 
ideal weights for each DMU and also identifies a best-practice frontier established by the DMUs 
with the largest output-input ratios. Weights or shadow prices, 𝑢:L and 	𝑣:L, are interpreted as 
the relative contribution of the given variable to overall efficiency. The constraint ∑ 𝑣:L𝑥:L\E]N 	= 	1 imposes convexity and generates variable returns to scale, which are most 
appropriate given variable and synergistic impacts of environmental conditions on carbon fluxes 
(e.g. Wang et al., 2008). 
We specify an input orientation, i.e. outputs are kept constant while inputs change to 
increase efficiency, because environmental managers have more direct control over inputs, i.e. 
soil characteristics, than outputs. Efficiency scores range between 1 for the most efficient and 0 
for the least efficient. A full frontier was estimated using all combinations of location, land use, 
vegetation treatment, and season as individual DMUs (R package ‘rDEA’ and “Benchmarking’). 
Additional frontiers were estimated for vegetated bases, unvegetated bases, summer 
measurements, and winter measurements. Differences in efficiency scores were assessed as 
described above whereas differences in frontiers were assessed with a Kolmogorov-Smirnov test. 
Tobit models, which account for the censoring of efficiency from 0 to 1, were used to determine 
which factors affect efficiency (R package ‘AER’). 
 
Allometric models for aboveground plant biomass 
We used direct measurements of plant morphology and biomass to develop allometric 
models for aboveground biomass. Biomass data were tested for normality using the Shapiro-
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Wilk test. For plant species with normally distributed biomass data, linear regression models 
were built and considered sufficient when adjusted R2 > 0.70. For plant species with non-
normally distributed biomass data, generalized linear models were built and best specification 
evaluated with Akaike’s Information Criterion (threshold of 2; Burnham & Anderson, 2004). 
Models were verified with additional individuals of the same species. In order to estimate plant 
biomass within a base at a given sampling time, we made the same morphological measurements 
used to develop the models for individuals within the bases within two weeks of gas sampling. 
These measurements were then used in the models to estimate biomass. For bases in which 
morphological measurements were not made, ImageJ was used to estimate measurements from 
pictures of the base. In cases where models could not be built for a plant species (e.g. due to 
aesthetic concerns or scarcity on the UCSD campus), we used models from species with similar 
growth forms to estimate biomass. Two to three additional individuals were used to validate 
models. Plant biomass was used to normalize each carbon flux per gram of plant biomass. 
 
Results 
Carbon dioxide 
Here, positive values indicate uptake whereas negative values indicate emission. The 
overall median value of carbon dioxide flux was -0.198 ± 17.398 g CO2 s-1 m-2 g biomass-1 
(Table 6.2). There was one outlier, which was defined as more than four standard deviations 
away from the mean and removed for subsequent analysis: the unvegetated Osler garden during 
winter (-119.62 g CO2 s-1 m-2 g biomass-1). There were no significant differences in carbon 
dioxide fluxes among land use, location, or season (Figure 6.6A). However, vegetated bases had 
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fifteen times lower carbon dioxide emissions than unvegetated bases (Χ2  = 17.51; df = 1; p < 
0.01). Carbon dioxide fluxes were not significantly correlated with any soil properties measured.  
 
Methane 
Overall median methane flux was -4.78 x 10-4 ± 2.66 x 10-2 g CH4 s-1 m-2 g biomass-1. 
There were two outliers removed: the unvegetated Osler garden during winter (-0.47 g CH4 s-1 m-
2 g biomass-1) and the unvegetated Sanford biofilter during summer (0.23 g CH4 s-1 m-2 g 
biomass-1). Similar to the trend in carbon dioxide fluxes, there were no significant differences 
among location or season (Figure 6.6B). However, garden methane emissions were two orders of 
magnitude greater than biofilters (Χ2  = 8.18; df = 3; p =0.02 ). Again, vegetated bases emit two 
orders of magnitude less methane than unvegetated bases (Χ2  = 8.47; df = 1; p < 0.01). Methane 
fluxes were not significantly correlated with any soil properties measured. 
 
Data envelopment analysis 
The median efficiency score of the full frontier (all combinations of location, land use, 
vegetation treatment, and season) was 0.998 ± 0.136 (on a scale of 0-1 with 1 being efficient), 
indicating a very high level of carbon efficiency. Table 6.3 summarizes all discretionary 
variables. Among land uses, both biofilters and natural sites were more efficient than lawns with 
respect to carbon services, i.e. emitting less carbon dioxide and methane (Χ2  = 30.20; df = 3; p < 
0.02) (Figure 6.7). Additionally, natural sites were more efficient than gardens. There were no 
significant differences in efficiency among locations, vegetation treatments, or seasons.  
The optimal weights u and v, i.e. shadow prices, for each input and output are calculated 
for each combination of discretionary variables, and presented in Table 6.4 as well as Figure 6.8. 
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There were significant differences in weights for the following variables between lawns and 
natural sites: shallow carbon (Χ2  = 11.23; df = 3; p < 0.01), deep carbon (Χ2  = 23.35; df = 3; p < 
0.01), shallow nitrogen (Χ2  = 10.37; df = 3; p < 0.01), soil moisture (Χ2  = 12.31; df = 3; p < 
0.01), and soil temperature (Χ2  = 18.05; df = 3; p < 0.01). Between biofilters and lawns, shadow 
prices for deep nitrogen (Χ2  = 9.92; df = 3; p < 0.01), deep SOM (Χ2  = 10.87; df = 3; p < 0.01), 
and soil temperature (Χ2  = 18.05; df = 3; p < 0.01) differed. Gardens differed in deep carbon 
from biofilters (Χ2  = 23.35; df = 3; p < 0.01) and soil moisture from natural sites (Χ2  = 12.31; df 
= 3; p = 0.02). Gardens and lawns significantly differed in shadow prices for deep carbon (Χ2  = 
23.35; df = 3; p < 0.01) and soil temperature (Χ2  = 26.75; df = 3; p < 0.01). There were also 
significant differences in shadow prices for soil moisture (Χ2  = 10.38; df = 1; p < 0.01) and daily 
methane fluxes (Χ2  = 9.55; df = 1; p < 0.01) between seasons. Between treatments, optimal 
weights for daily carbon dioxide fluxes were significantly different (Χ2  = 9.11; df = 1; p < 0.01). 
Results from our tobit model, censored at 0 and 1, identify significant factors in 
determining efficiency: if at the SIO or SME locations; if there is lawn land cover; amount of 
deep carbon; amount of deep nitrogen; and soil temperature (Table 6.5). Another frontier was 
calculated with only significant factors but there were no differences between the two frontiers.  
 
Soil characteristics 
There was significantly higher soil temperature in summer than winter (Χ2 = 42.9; df = 1; 
p < 0.01) whereas winter had significantly higher soil moisture than summer (Χ2 = 11.59; df = 2; 
p < 0.01). Lawns and gardens had approximately six times greater soil moisture than natural sites 
(Χ2  = 26.75; df = 3; p < 0.01). Please refer to Table 6.6 for a summary of SOM, total carbon, and 
total nitrogen. Lawns had the most shallow SOM (Χ2 = 43.62; df = 3; p < 0.01), whereas both 
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lawns and gardens had higher deep SOM than biofilters and natural sites (Χ2  = 26.87; df = 3; p < 
0.01). There were also significant differences among locations (Χ2 = 14.96; df = 4; p < 0.01) but 
none for vegetation treatment. 
Lawns had significantly higher soil carbon than other land uses (Χ2 = 45.52; df = 3; p < 
0.01), but the unvegetated SME biofilter had the overall highest value for soil carbon at the soil 
surface (21.97%) whereas the vegetated Osler garden had the highest percent soil carbon at depth 
(4.32%). A similar trend holds true for nitrogen: lawns had the most nitrogen in both fractions 
(Χ2 = 43.91; df = 3; p < 0.01). There were no significant differences in total carbon and total 
nitrogen between treatments, i.e. vegetation versus no vegetation.  
 
Plant biomass 
In total, 100 individuals from 16 different species were measured, collected, and used to 
develop the resulting models summarized in Table 6.7. The allometric models, which use body 
size to scale characteristics such as biomass, had high predictive power, most with adjusted R2 > 
0.70 using only one morphological measurement. However, there was a lot of error associated 
with the models, ranging from 5-350%. We were not able to produce biomass estimates for the 
vegetated SIO garden (due to lack of access to collection of the species) and SIO natural sites 
(due to clearing for fire hazard mitigation) and, therefore, they were not included in our final 
analysis.  
 
Discussion 
Carbon fluxes 
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Our results show that, while there is no net carbon uptake at any of our sites during the 
sampling times, vegetated sites emit less carbon dioxide and methane than unvegetated sites 
(Table 6.2). This may be due to aboveground biomass taking up carbon dioxide through 
photosynthesis. While we accounted for aboveground biomass in our carbon flux data (Table 
6.7), which is a predictor of photosynthesis, the relationship between biomass and primary 
production can be complicated by factors such as species-specific leaf surface area and plant age 
(Michaletz et al., 2018). Belowground interactions with the soil community could also be driving 
these differences. Belowground biomass has been shown to be a significant driver of carbon 
fluxes (Wang et al., 2017b; Li et al., 2018). In addition to nutrient uptake and anchorage, plant 
roots can aerate soil, produce exudates, and contribute to litter (Eisenhauer et al., 2010; Ben-
Noah & Friedman, 2018). These impacts can influence the soil community and subsequent 
ecological processes such as carbon and nitrogen cycling (de Deyn et al., 2008; Bardgett et al., 
2014; Blouin et al., 2018). Although we did not find any significant differences in SOM, total 
carbon, or total nitrogen between vegetation treatments (Table 6.6), there may be other soil 
characteristics influenced by the presence (or species) of vegetation, such as the microbial 
community, which may be contributing to differences in carbon fluxes. 
We sampled during seasons in which we thought our sites would experience the extremes 
of temperature and moisture, August being the end of summer whereas March is the end of 
winter, and therefore captures the spectrum of weather conditions. Although we measured 
significant differences in soil temperature and moisture between seasons, there was no apparent 
impact on carbon fluxes. Additional measurements during the spring and fall may have provided 
a more detailed picture of how seasonality can impact carbon fluxes. 
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Age may be an additional factor that contributed to our results (Kayranli et al., 2010). 
Our biofilter sites receive periodic maintenance (e.g. declogging, pruning and replanting of 
plants, replacing of media) which may disrupt carbon uptake (Moreno-Mateos et al., 2012). 
Older urban landscapes have also been shown to store more SOM than younger counterparts 
(Scharenbroch et al., 2017), contributing to carbon storage. Although initial conversion of North 
American prairie wetlands into agricultural lands have been shown to result in net carbon losses 
(Euliss et al., 2006), a study by Raciti et al. (2011) found that residential areas in Maryland 
(USA) that were previously agricultural land have greater potential to accumulate and store 
carbon and nitrogen relative to previously forested sites. Rather than agriculture, southern 
California urban landscapes have replaced native coastal sage scrub which have been shown to 
store more carbon and nitrogen than non-native grasslands (Wheeler et al., 2016). 
The unusually high carbon emissions observed at the unvegetated Osler garden during 
winter may be due to unaccounted for mulch during biomass normalization. Mulch (in this case, 
wood chips) is commonly used in landscaping to prevent erosion and retain moisture (Chalker-
Scott, 2007). At the Osler location, winter soil moisture was significantly higher than in the 
summer which may have created conditions for high levels of soil respiration and methane 
emissions. This may imply that unvegetated, mulched areas have the potential to be large urban 
sources of atmospheric carbon, especially because there are no primary producers present to 
offset their emissions. However, there is a tradeoff between potential for high carbon emissions 
and the benefits of mulch, including less erosion, moisture retention, and increased soil nutrition 
(Chalker-Scott, 2007). 
 
Carbon efficiency 
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Our efficiency scores (i.e. technical efficiency) support our original hypothesis: biofilters 
and natural sites outperform lawns and gardens (only for natural sites) with respect to carbon 
fluxes (Table 6.3). Although there were no differences in fluxes between biofilters and other land 
uses, biofilters perform equally as well as natural sites. In natural sites, efficiency could be 
driven by physiological adaptation. Coastal sage scrub species are well-adapted to long dry 
seasons and can efficiently utilize nutrients (Gray, 1982). For example, during the summer, 
Artemesia californica will enter into a quasi-dormant state in which smaller, brown leaves 
replace green leaves (Montalvo et al., 2017). Although this means water and nutrient 
amendments may not be necessary (as they might be with more lush plants), there are tradeoffs 
with aesthetic value. However, in southern California where water demand often outweighs 
supply (California Department of Food & Agriculture, 2008), people may be willing to make this 
tradeoff for gains in both water and carbon savings. Although our biofilters did not utilize native 
vegetation, this may be a design option for future bioretention systems.  
Additionally, unlike lawns, the biofilters in this study did not receive regular pruning and 
mowing. Lerman & Contosta (2019) found that increased frequency of mowing increased the 
biogenic release of carbon dioxide in lawns in Massachusetts, USA. Although there were no 
significant differences in actual carbon fluxes, maintenance may play a role in carbon efficiency 
by increasing emissions that would not have otherwise occurred. This highlights another 
potential tradeoff between carbon fluxes and aesthetic value. 
The presence of a lawn negatively affected efficiency, as well as increases in deep carbon 
and the interaction term between soil moisture and temperature (Table 6.5). Lawns had 
significantly higher soil carbon than other land uses (Table 6.6), which may be a contributing 
factor. SOM associated with grasses and turfs has been shown to be significantly higher than in 
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native soils (Pouyat et al., 2009). Soil carbon can contribute to soil respiration by providing 
organic matter for microbial respiration. However, lawns also had significantly higher soil 
nitrogen, which could increase efficiency. Nitrogen is necessary for photosynthesis and plant 
growth, which decrease carbon emissions, but this effect seems to be outweighed by that of other 
variables in this case. Increases in soil moisture also positively affected efficiency, but the 
interaction term between moisture and temperature was negative. This implies that, for a given 
level of soil moisture, increases in temperature would decrease efficiency. This could be due to 
higher respiration rates under higher temperatures, which may be the scenario under future 
climate change (Carey et al., 2016). 
 
Shadow prices 
Shadow prices, i.e. optimal weights u and v, are the relative contributions of an output or 
input, respectively, to the overall optimum of efficiency. In other words, the ratio of shadow 
prices gives how much a decrease in one input would change efficiency compared to another 
input. They do not provide the nature of the relationship, i.e. positive or negative. The significant 
differences we found in shadow prices imply that efficiency scores for different locations, land 
uses, vegetation treatments, and seasons rely more heavily on different environmental factors 
(Figure 6.8). Our lawn sites had significantly higher soil carbon than other land uses (Table 6.5), 
perhaps to saturation so that a marginal decrease in soil carbon would not affect carbon 
efficiency (Ferreira et al., 2017). There may be a similar case with respect to soil moisture. 
However, our natural sites do not receive any nutrient or water amendments and, therefore, their 
carbon efficiencies may be more dependent on the amount of soil carbon or soil moisture 
available. The opposite case is true for soil temperature: it is weighted more heavily for lawns 
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than natural sites. This may be due to elevated soil moisture in lawns leading to microbial 
activity that can be further stimulated by increasing soil temperature (Sierra et al., 2015). Similar 
mechanisms may be at play between lawns and biofilters. 
There are significant differences in shadow prices between seasons with respect to soil 
moisture and daily methane fluxes. Soil moisture was weighted higher in summer than in winter 
(Table 6.4). This may be because there is significantly lower soil moisture in summer (Table 
6.5), which may be limiting the ability of our sites to uptake carbon. Although there were no 
significant differences in daily methane fluxes between seasons, they were weighted higher in 
winter than in summer (Table 6.4). Methane fluxes are largely dependent on soil microbial 
processes that may have been stimulated by higher soil moisture in winter (Laanbroek, 2010), 
and, as a result, contributed more to overall carbon efficiency. Daily carbon dioxide fluxes were 
weighted higher in vegetated sites than unvegetated sites. Although our fluxes are biomass-
normalized, there may be belowground processes or indirect interactions between plants and the 
environment, such as microbial facilitation of nutrient uptake (Wahbi et al., 2015), that are not 
captured in this study. 
These shadow prices can provide some management tradeoffs and recommendations to 
minimize urban carbon emissions. Water and nutrient amendments to biofilters and natural sites 
may disproportionately increase their carbon efficiency, however, with the tradeoff of irrigation 
and maintenance. Because soil moisture contributes less to carbon efficiency in winter than in 
summer, it may be recommended to re-evaluate irrigation schedules during the winter. 
Additionally, it may be important to monitor soil moisture during winter as it can stimulate 
methane emissions which have a larger contribution to efficiency relative to summer. 
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Management implications and conclusions 
Although our study did not identify any carbon sinks, our results may be useful to urban 
planners and managers who are interested in reducing local carbon emissions. Lawns and 
gardens were significantly less efficient with respect to carbon services than natural sites and 
biofilters. Our results suggest that these differences are, in part, driven by soil characteristics 
such as soil moisture, which is a property over which landscape managers have control. In 
southern California, where drought is common and water is a valuable resource (Hansen et al., 
2008), better management of soil moisture may provide gains in both carbon fluxes and reduced 
irrigation. Other suggestions to reduce urban carbon emissions include planting of native 
vegetation, reduced frequency of pruning and mowing, and careful use of mulch. There are 
already programs in place to replace water-intensive practices, such as grass lawns, with native 
vegetation, succulents, and other vegetation tolerant to periodic drought (California Department 
of Water Resources, 2018). Although these types of programs are aimed at reducing water usage, 
our results suggest additional gains of greater carbon efficiency. 
Climate change and its impacts are a pressing issue that is integral to the health of our 
planet and society (e.g. as the United Nations Sustainable Development Goal 13; United Nations, 
2019). California Assembley Bill 32 (the California Global Warming Solutions Act of 2006) 
aims to reduce greenhouse gas emissions to 1990 levels, which equates to a decrease of 
approximately 15%. Mitigation approaches include using alternative sources of energy, taxing 
fossil fuel use, dumping iron into the ocean, and other mechanisms to both reduce emissions of 
and sequester atmospheric carbon. Although biofilters are designed to capture and treat 
stormwater runoff, our study shows that they also contribute to carbon fluxes just as other urban 
green spaces do. We presented evidence that biofilters may not be as strong carbon emitters as 
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grass lawns or horticultural gardens which are common in the urban landscape. This, in addition 
to other services they potentially provide, may make them a more attractive stormwater strategy 
than previously thought. However, as biofilters become more widespread, empirical evidence of 
claimed co-benefits, such as carbon sequestration and storage, will be useful when making 
decisions regarding stormwater mitigation. The ability of urban vegetation to uptake carbon 
dioxide is well-documented (Demuzere et al., 2014), but few studies focus on natural stormwater 
treatment systems (i.e. biofilters in this case). Natural stormwater treatment systems are 
generally viewed from engineering and water perspectives, but rarely through the lens of carbon 
services. This novel perspectice can provide design and management options for carbon 
neutrality goals that have been set by governments (e.g. United Nations Framework Convention 
on Climate Change) and organizations (e.g. the University of California). As urban planners and 
managers strive towards sustainable development, gaining an understanding of carbon gains and 
efficiency is crucial to holistic, environmental decision-making. 
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Tables 
Table 6.1. Equations that were used to find the best-fit curve for carbon dioxide flux data (g C 
hr-1 m-2 g biomass-1) from Jassby & Platt (1976). 𝛼 is the slope of the linear part of the curve, 𝛽 is 
the maximum rate of photosynthesis, 𝑃 is the rate of photosynthesis, and 𝐼 is PAR. Count of 
best-fit indicates how many sets of greenhouse gas measurements the equation produced the least 
sum of squared error. 
Mathematical 
equation Equation name Count of best-fit Reference 𝛼𝐼          𝐼	 ≤ 𝑃:=j/𝛼 𝑃:=j      𝐼	 > 𝑃:=j/𝛼 bilinear 53 Blackman, 1905 𝛽𝐼𝛼	 + 	𝐼 Michaelis-Menten 14 Baly, 1935 
𝛽𝑡𝑎𝑛ℎ(𝛼𝐼𝛽 ) tanh  3 Jassby & Platt, 1976 𝛼𝛽𝐼(𝛽P +	(𝛼 + 𝐼)P)N/P power  0 Smith, 1936 
𝛼𝐼𝑒mnop  exponential  0 Steele, 1962 
𝛼𝐼	 −	(𝛼𝐼)P4𝛽  platt 2 Platt et al., 1975 
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Table 6.2. Summary of median carbon dioxide and methane fluxes by discretionary variables: 
location, land use, vegetation treatment, and season. Positive values indicate uptake whereas 
negative values indicate emission. 
Discretionary 
variable 
Carbon dioxide flux 
(g CO2 day-1 m-2 g 
biomass-1) 
Methane flux (g CH4 day-
1 m-2 g biomass-1) 
Total carbon flux (g C 
day-1 m-2 g biomass-1) 
SCSI -0.13 ± 8.25 -2.24 x 10-5 ± 9.42 x 10-3 -0.04 ± 2.25 
SME -0.28 ± 2.21 -1.09 x 10-3 ± 8.01 x 10-3 -0.08 ± 0.61 
ACTRI -0.22 ± 4.95 -7.52 x 10-4 ± 2.18 x 10-2 -0.06 ± 1.37 
Osler -0.07 ± 15.09 -2.64 x 10-4 ± 6.14 x 10-2 -0.02 ± 4.16 
SIO -0.26 ± 4.56 -3.71 x 10-4 ± 2.23 x 10-2 0.07 ± 1.26 
Biofilter -0.18 ± 7.96 -1.05 x 10-5 ± 2.05 x 10-2 -0.05  ± 2.18 
Lawn -0.20 ± 0.08 -5.15 x 10-4 ± 5.25 x 10-4 -0.06 ± 0.02 
Garden -0.57 ± 11.71 -2.91 x 10-3 ± 4.94 x 10-2 -0.16 ± 3.23 
Natural -0.07 ± 6.01 -3.15 x 10-4 ± 1.15 x 10-2 -0.02 ± 1.65 
Vegetated -0.05 ± 1.98 -4.36 x 10-5 ± 5.07 x 10-3 -0.01 ± 0.54 
Unvegetated -0.48 ± 10.28 -1.66 x 10-3 ± 0.04 x 10-2 -0.13 ± 2.83 
Summer -0.22 ± 8.54 -1.05 x 10-3 ± 3.60 x 10-2 -0.06 ± 2.36 
Winter -0.19 ± 7.02 -2.3 x 10-5 ± 1.57 x 10-2 -0.05 ± 1.92 
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Table 6.3. Median efficiency scores and standard deviations when comparing all combinations 
of location, land use, vegetation treatment, and season. Scores are on a scale of 0-1 with 1 being 
efficient.  
Discretionary variable Efficiency score 
SCSI 1.00 ± 0.115 
SME 0.936 ± 0.147 
ACTRI 1.00 ± 0.125 
Osler 0.999 ± 0.170 
SIO 0.831 ± 0.109 
Biofilter 1.00 ± 0.099 
Lawn 0.757 ± 0.116 
Garden 0.952 ± 0.140 
Natural 1.00 ± 0.00 
Vegetated 1.00 ± 0.136 
Unvegetated 0.969 ± 0.137 
Summer 0.984 ± 0.160 
Winter 0.999 ± 0.071 
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Table 6.5. Results from a tobit model with efficiency as the dependent variable (‘**’ significant 
at 𝛼 =	0.01, ‘*’ significant at 𝛼 =	0.05). 
Variable Coefficient p-value 
Intercept -3.689e+02 0.021* 
Site: Osler -8.295e-02 0.135 
Site: SCSI -2.522e-03 0.963 
Site: SME -1.903e-01 <0.01** 
Site: SIO -1.141e-01 0.031* 
Cover: Lawn -1.750e-01 0.040* 
Cover: Garden -5.794e-03 0.883 
Cover: Natural 4.599e-01 0.996 
Season: March -1.495e-02 0.789 
Shallow carbon 7.781e-03 0.577 
Shallow nitrogen -7.806e-02 0.682 
Deep carbon -1.487e-01 <0.01** 
Deep nitrogen 1.460e+00 <0.01** 
Shallow organic matter -9.214e-04 0.850 
Deep organic matter -7.349e-03 0.561 
Soil moisture 1.728e+00 0.043* 
Soil temperature -5.644e-03 0.416 
Daily carbon dioxide flux -2.763e-02 0.048* 
Daily methane flux 7.516e+00 0.021* 
Interaction: moisture, temp -5.889e-02 0.028* 
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Table 6.6. Summary of median soil organic matter (SOM), total soil carbon, and total soil 
nitrogen, reported in percentages by weight with standard deviations.  
Variable 
Shallow 
SOM Deep SOM 
Shallow 
Carbon 
Deep 
Carbon 
Shallow 
Nitrogen 
Deep 
Nitrogen 
SCSI 4.88 ± 6.07 3.09 ± 1.33 3.56 ± 2.87 1.27 ± 1.12 0.27 ± 0.28 0.12 ± 0.07 
SME 11.42 ± 4.31 4.80 ± 2.63 6.35 ± 7.81 1.28 ± 0.95 0.45 ± 0.63 0.11 ± 0.10 
ACTRI 4.55 ± 7.69 4.23 ± 1.15 1.70 ± 5.93 1.02 ± 1.20 0.11 ± 0.54 0.10 ± 0.06 
Osler 6.06 ± 2.42 4.57 ±1.45 3.98 ± 2.09 1.77 ± 1.12 0.29 ± 0.23 0.15 ± 0.07 
SIO 7.01 ± 6.55 6.93 ± 2.49 2.95 ± 4.05 1.92 ± 0.67 0.20 ± 0.39 0.14 ± 0.07 
Biofilter 5.03 ± 3.25 4.01 ± 1.54 5.83 ± 5.37 1.67 ± 1.02 0.49 ± 0.47 0.14 ± 0.08 
Lawn 17.29 ± 3.76 6.81 ± 2.79 12.35 ± 3.70 2.62 ± 0.90 1.14 ± 0.34 2.23 ± 0.08 
Garden 6.33 ± 1.99 5.41 ± 1.42 3.21 ± 1.97 1.34 ± 1.29 0.30 ± 0.19 0.11 ± 0.08 
Natural 5.73 ± 1.65 4.29 ± 1.28 1.94 ± 0.85 1.21 ± 0.37 0.16 ± 0.06 0.12 ± 0.03 
Vegetated 6.57 ± 6.41 4.66 ± 2.67 3.27 ± 4.93 1.53 ± 1.18 0.23 ± 0.47 0.13 ± 0.09 
Unvegetated 6.99 ± 5.37 4.95 ± 2.04 3.66 ± 5.81 1.71 ± 0.78 0.27 ± 0.46 0.13 ± 0.07 
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Table 6.7. Summary of plant biomass models.  
Species Best Predictor Adjusted R2 Percent Error 
Aptenia cordifolia  Greatest width 0.717 39.7% 
Artemisia californica  Greatest width 0.946 78.8% 
Baccharis pilularis Minimum leaf width 0.764 85.1% 
Festuca mairei  Basal circumference 0.992 17.0% 
Lactucca spp.  Total leaves 0.994 111.9% 
Rhus integrifolia Greatest width 0.972 164.8% 
Chondropetalum 
tectorum 
Stem density  0.918 66.3% 
Solidago sp. Height 0.953 5.4% 
Osler shrub Branch length 0.945 4.9% 
Primula sp. Height 0.703 189.1% 
Salix sp. Stem diameter 0.758 349.8% 
Spurge spp. Branches per stem 0.980 162.4% 
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Figures 
 
Figure 6.1. Geographic location of all sampling locations included in this study. 
 
211 
 
Figure 6.2. Examples of land uses included in this study: (A) stormwater biofilter, (B) grass 
lawn, (C) horticultural garden, and (D) natural coastal sage scrub. 
 
 
Figure 6.3. The installed aluminum base frame (A), and our field setup (B) with an inset of the 
top-down view (C).  
 
212 
 
 
Figure 6.4. (A) Measured carbon dioxde fluxes at different values of photosynthetically-active 
radiation, and (B) a bilinear model fit to the measurements taken at the vegetated ACTRI 
biofilter during winter. Positive values indicate uptake whereas negative values indicate 
emissions. 
A 
B 
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Figure 6.5. Outputs and inputs included in our definition of carbon efficiency. 
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Figure 6.6. Boxplots showing the 75th quartile, median, 25th quartile, and (1.5 * interquartile 
range) of (A) carbon dioxide fluxes and (B) methane fluxes of each land use. Positive fluxes 
indicate uptake whereas negative fluxes indicate emissions.  
 
A 
B 
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Figure 6.7. Efficiency scores of each land use. Efficiency ranges from 0 (least efficienct) to 1 
(most efficient). 
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Figure 6.8. Heatmap of average relative weights (u, v) of all inputs and outputs included in our 
analysis. Darker colors represent higher weights. 
 
Appendices 
 
Appendix 7A. List of plant morphological features that were measured for incorporation into 
allometric biomass models. Given the large inter- and intra-species variation in morphology, not 
all measurements were taken for all species. 
• Species to highest resolution 
• Size class: large, medium, small 
• Spherical densitometer for canopy cover 
• Plant type / growth form: trees, shrubs, herbs (forbs or graminoids) 
• Plant height & spreading/branching width (if prostrate plant, would be the same as 
stem/branch length) 
217 
• Branch length (to nearest cm) of the 10 longest branches (excluding leaf). Branch = 
anything that branches above the bottom 10% of the plant’s height; in the case of trees, 
anything that branches from the main axis 
• Diameter of 10 separate branches across a plane at mid-plant height (use calipers for 
this). Use the branching distance as a transect on which to evenly space points to measure  
• Basal circumference (distance around stem or cluster of stems at the point closest to the 
ground. For spreading species, use calipers to measure stem thickness at point where 
plant is rooted to the ground.) 
• Stem diameter 
• Stem height 
• Stem density (number of stems/individual, will generally be 1) 
• Number of branches per stem 
• Number of leaves on 5 longest branches 
• Dimensions (length, width, thickness) of 3 large, 3 intermediate, and 3 small leaves  
• Photos 
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Chapter 7: Conclusions 
 
Jennifer T. Le 
 
Ecosystems not only provide targeted benefits, such as commercial products and 
designed mechanisms, but a wealth of ecosystem services that contribute to human well-being. 
They present a tradeoff that environmental decision-makers must internalize and consider, 
especially as demand for natural resources continues to increase. This dissertation investigated 
ecosystem services in a multitude of systems and, in doing so, presents three main conclusions: 
(1) deep-sea habitats and natural stormwater treatment systems (NTS) provide a diversity of 
ecosystem services that manifest through distinct pathways; (2) existing scientific tools can be 
leveraged to characterize, quantify, and economically value ecosystem services; and (3) an 
interdisciplinary approach can facilitate relevancy of scientific results to environmental decision-
makers. 
 
Diverse ecosystem services in different systems 
 The focus on two types of systems presented an opportunity to compare and contrast the 
study ecosystem services and application of results. At first glance, deep-sea habitats and NTS 
have nothing in common: the former are marine, remote, and experience relatively little human 
impact, whereas the latter are terrestrial, urban, and human-designed. However, a closer look at 
these systems reveals some similarities. While some deep-sea ecosystem services operate on 
relatively large spatial scales and long time scales (Chapter 2), those found on methane seeps 
(Chapter 4) can be localized on similar spatial scales as NTS (Chapter 5). Methane seeps and 
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NTS both provide climate-regulating services related to carbon, but the processes by which they 
do so are different: at methane seeps, carbonates precipitate as a result of microbial activity 
(Marlow et al., 2014), and in NTS, photosynthesis converts atmospheric carbon dioxide into 
organic matter. Although the final services are similar, further investigation of their supporting 
structures and functions revealed mechanisms unique to each system. This may mean that 
consideration of only final ecosystem services is insufficient to establish offsets and other 
mitigation options. 
The state of environmental rules, regulations, and policies also vary among the two 
systems. Deep-sea management is currently being developed for some industries which presents 
an opportunity to incorporate ecosystem services before commercial exploitation. Including 
indicators of ecosystem services now could ensure extensive baseline data to which to compare 
impacts against in the future. In contrast, there are extensive guidelines on design and installation 
of NTS. However, they often focus on targeted water services but consideration of other 
ecosystem services could provide alternative design and management options. While the study of 
ecosystem services in the deep sea and NTS may seem incongruent, there was a lot to be learned 
in doing so. 
 
Leveraging existing scientific tools 
This dissertation assessed multiple scientific tools and approaches to studying ecosystem 
services, including molecular techniques, in situ sensors, and methods from several academic 
disciplines. Molecular techniques can be applied to both systems but present distinct challenges 
in each. Molecular data can be difficult to interpret in deep-sea habitats that have relatively small 
sequence databases. In contrast, urban soil microbes have been better catalogued (e.g. Joyner et 
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al., 2019), which may facilitate the use of molecular techniques to characterize ecosystem 
services in NTS. In part, this may be because sampling in the deep sea often necessitates ship 
time and specialized instrumentation (e.g. ROVs), whereas sampling in NTS can be done more 
easily (e.g. portable field equipment). In situ sensors are effective at measuring chemical 
concentrations and fluxes, likely in any system, but there are specific marine challenges to 
consider such as corrosion and battery life. In some cases, data (e.g. repositories of deep-sea 
imagery) and tools (e.g. data envelopment analysis) already exist but an ecosystem services 
perspective has yet to be applied. This dissertation employed novel approaches to the study of 
ecosystem services and revealed the potential for leveraging existing resources in creative ways. 
 
An interdisciplinary approach 
 The study of ecosystem services is inherently interdisciplinary, tying together the 
disciplines of natural and social sciences. Chapter 2 explicitly highlights where ecosystem 
services could be utilized in deep-seabed mining regulations, such as designation of protected 
areas. This necessitates indicators of ecosystem services in baseline assessments and monitoring 
programs for identification of high-value areas. Quantification of ecosystem services could then 
allow for economic valuation to facilitate payment for environmental damages. The concept of 
ecosystem services seamlessly weaves together the physical, chemical, and biological sciences 
necessary to understand ecosystem services with economics and policy to make natural processes 
relevant outside of academia.  
Approaches from other academic disciplines can produce interesting results with a unique 
perspective. Chapter 3, which discusses available approaches for biodiversity assessment and 
monitoring, incorporates an economic cost-effectiveness analysis that is likely of interest to 
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decision-makers who will be choosing how the deep-seabed mining industry conducts their data 
collection. In NTS, there is a unique opportunity to manipulate the system because they are 
human-built. Although NTS were not found to be carbon sinks (Chapter 6), an operations 
research approach identified potential maintenance and management adjustments (e.g. amount of 
irrigation) to reduce carbon emissions of NTS and other urban landscapes. There may be 
tradeoffs in doing so, but the results provide further options for urban planners and managers. 
 
Next steps and closing remarks 
 This body of work represents an exploration of ecosystem services in systems where they 
have not been fully utilized. The next step seems obvious but is likely more complicated than 
imagined as life is wont to be: quantification of ecosystem services. Recommendations include 
(1) to develop practical ecosystem services indicators, and (2) to ensure accountability for 
ecosystem services. Many people, including the author of this dissertation, pay tribute to 
ecosystem services but their actual rates and values are unknown in many cases (Guerry et al., 
2015). One way to address this is to develop practical indicators that can determine their stocks 
and flows (Heink et al., 2016). These indicators need to be based on sound scientific methods as 
well as available and accessible to environmental planners and managers. Validation of 
ecosystem services necessitates accountability for actions that impact them. While the first step 
is quantification, it can lead to economic valuation of ecosystem services. That is not to say there 
are no other values associated with ecosystem services (Martin-Lopez et al., 2014). However, 
compensation for loss of benefits can help internalize environmental damages into decision-
making and yield more optimal results. 
 This dissertation was inspired by the idea of balance: how can we balance extraction of 
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natural resources and protection of the environment? This question brought me, and readers of 
this work, to the concept of ecosystem services. Although there are some people who are 
uncomfortable with “putting a value on nature,” ecosystem services are simply a shift in 
perspective when considering natural processes, one that is relevant to environmental issues and 
challenges we face now. To conclude, I hope this dissertation has demonstrated that the concept 
has the potential to, not only advance our understanding of the natural world, but also advance 
our ability to benefit from and protect it. 
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